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• Real-life performance of an operational
soil-aquifer treatment systemwith respect
to trace organic compounds (TrOCs)

• “All-in” method using intrinsic conserva-
tive tracers through field experiment, geo-
chemical modelling, 1D reactive transport
modelling

• Errors on transport and reactive transport
parameters of TrOCs were estimated
through a Monte Carlo approach

• Four compounds, including carbamaze-
pine, considered as persistent in the litera-
ture, were degraded by the investigated
SAT

• Performance assessment of SAT systems
based mainly on parameters that can be
routinely measured under operational
conditions.
Abbreviations: MAR, Managed Aquifer Recharge; SAT, S
Plant; ADE, Advection-Dispersion Equation.
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 Soil Aquifer Treatment (SAT) can provide supplementary treatment of trace organic compounds (TrOCs) such as phar-
maceutical and industrial compounds present in Secondary TreatedWastewater (STWW). Concern on presence of un-
regulated TrOCs in natural systems has raised recently as well as the interest in SAT systems for remediation. The
present study quantifies, at the field scale over35 m of lateral groundwater flow, the effectiveness of the Agon-
Coutainville SAT system (Manche, Normandy, France) for TrOCs removal by sorption and biodegradation through
monitoring of seven TrOCs (oxazepam, carbamazepine, benzotriazole, tolyltriazole, caffein, paracetamol, ibuprofen)
and major inorganic compounds as intrinsic tracers in STWWand groundwater during a 34-day STWW infiltration ex-
periment during operational use of the SAT. Cationic exchanges and mixing between groundwater and STWW during
the experiment were highlighted by major ions and geochemical simulations. Due to the low thickness of the unsatu-
rated zone, a 1D analytical solution of the advection-dispersion equation (ADE) was applied on chloride data. Chloride
was used as conservative intrinsic tracer to calibrate the horizontal flow and transport parameters such as the aquifer
dispersion coefficient (D) and the average pore water velocity (ν) allowing estimation of the groundwater residence
time. Transport and attenuation of the TrOCs were simulated assuming first-order degradation constant (μ) and linear
retardation coefficient (R), calibrated to simulate the observed temporal changes in the breakthrough of TrOCs.
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Sorption was found to play a role in the transport of TrOCs, notably for oxazepam with a higher linear retardation co-
efficient value of 2.2, whereas no significant differences of retardationwere observed for carbamazepine, tolyltriazole,
benzotriazole (1.37, 1.35, 1.36 respectively). Estimated first order degradation rate constants, between 0.03d−1 for
carbamazepine and 0.09d−1 for tolyltriazole, were generally high compared to the literature, possibly due to
favourable redox conditions and important microbial activities within the system. This study provides evidence of
the efficiency of the Agon-Coutainville SAT system for the removal of TrOCs.
1. Introduction

Managed Aquifer Recharge (MAR) is the intentional recharge of an
aquifer for later recovery or environmental benefits (Dillon et al., 2020).
To face an increasing water demand and maintain, enhance and secure
stressed aquifers, MAR is an increasingly important water management
strategy (Dillon et al., 2019; Sprenger et al., 2017).

Where recharge conditions are favourable, soil-aquifer treatment (SAT)
of secondary treated wastewater (STWW) is one of the possible MAR tech-
niques. SAT is the controlled recharge of an aquifer in order to benefit of ad-
ditional pollutant removal upon infiltration through soil and the
unsaturated zone (Amy and Drewes, 2007; Bekele et al., 2011; Laws
et al., 2011). The use of STWW is attractive for MAR because it is a contin-
uous source of water released daily by human activities and it is less subject
to climatic change than other water sources also used in MAR systems.

However STWW contain a large range of unregulated Trace Organic
Compounds (TrOCs) as pharmaceutical and agrochemical compounds in-
cluding pesticides … (Teijon et al., 2010; Ternes, 1998). Pharmaceutical
substances are ubiquitous in sewage and, due to their variable degradabil-
ity, they may only be partly removed in wastewater treatment plants
(WWTP) (Biel-Maeso et al., 2018; Drewes et al., 2003). Industrial com-
pounds include widely applied anticorrosives but are also widely present
in dishwater detergents (Giger et al., 2006; Janna et al., 2011) in particular
benzotriazole (BTZ) and tolytriazole (TTZ) that may persist in the environ-
ment (Giger et al., 2006). STWW is a direct pathway for TrOCs to be intro-
duced in the environment. Due to their toxicity, persistence and
bioaccumulation, even at trace concentrations (ng/L), TrOCs can have neg-
ative effects on human health and the aquatic environment (Aemig et al.,
2021; Du et al., 2014).

The fate of TrOCs namely depends on microbial transformation and/or
sorption (Maeng et al., 2011 and references therein). At the field scale, the
fate of TrOCs is difficult to predict because of numerous biogeochemical
controlling factors, often site-specific. The reactive transport of the TrOCs
will be a function of the physico-chemical properties of the molecules (i.e.
Charge, hydrophobicity, functional groups) but also of the local subsurface
environmental conditions (i.e. local redox conditions, microbial diversity, or-
ganic carbon and organic matter content of the sediments, mineralogy …;
Bertelkamp et al., 2014; Greskowiak et al., 2017; Patterson et al., 2011).
Moreover, the hydrogeological conditions governing the groundwater flow
and therefore residence times, dilution, redox conditions and temperature
in the aquifer (Henzler et al., 2016), finally affect TrOCs concentrations in
the groundwater. It is necessary to accurately assess the time scale of the
transport of the molecules and to differentiate between dilution and effective
contaminant removal (Massmann et al., 2008).

The debate concerning the level of complexity required in the models for
assessing the fate of pollutants runs through the hydrological sciences, and is
not absent from the MAR and SAT contexts (Kloppmann et al., 2012; Picot-
Colbeaux et al., 2018). Recent field studies provide useful information for a
first assessment of the removal of TrOCs with simple estimations using first-
order degradation rate constants and linear adsorption coefficients (Henzler
et al., 2014; Nham et al., 2015; Sanz-Prat et al., 2020) and allow comparison
between study sites. However, this comparison is limited by the lack of char-
acterisation for each field study with site-specific key factors (local environ-
mental and flow conditions). More field experiments and quantitative
evaluations of these key factors linked to TrOCs reactivity are needed to
cope with the large differences in first-order degradation rate constants and
sorption coefficients estimated in the field.
2

When studying a full size STWW infiltration system, laboratory tests are
hardly able to realistically reproduce in situ conditions, especially those re-
lated to microbial activity and their variability, mainly due to difference in
the considered representative elementary volumes. Quantifying the fate of
TrOCs, at the scale of a SAT system using STWW is therefore a complex
issue. For this purpose it is possible to apply flow and reactive transport
modelling including physical, chemical and, eventually, microbiological
processes (Sharma et al., 2012; Tzoraki et al., 2018). They require data
with sufficient resolution in time and space to take into account substrate
properties, input concentrations of compounds of interest, movement of
water, mixing, individual reactions, … At field scale, in the framework of
an operational SAT application, such detailed quantitative knowledge of
geochemical control factors is rarely available.

This study addresses the Agon-Coutainville site (Manche, Normandy,
France) where SAT is used as a supplementary treatment step before dis-
charge of STWW to sea in an area where shellfish is commercially grown
and in an estuary important for tourism (Picot-Colbeaux et al., 2021). Its
main objective is to quantify, at the field scale, the reactivity of a SAT sys-
tem in the mitigation of TrOCs through sorption and biodegradation pro-
cesses through a controlled STWW infiltration experiment. An in-situ
monitoring program of intrinsic tracer and TrOCs in groundwater was set
up from the STWW infiltration point to an observation well located 35 m
downstream of the infiltration point. The TrOCs investigated in this study
include pharmaceuticals, carbamazepine (CBZ), oxazepam (OXZ), paracet-
amol (PAR), ibuprofen (IBU), a widely used stimulant, caffeine (CAF), and
industrial compounds, tolytriazole (TTZ) and benzotriazole (BTZ). They
have been detected in the STWW in a previous study (Pettenati et al.,
2019) and have been selected because of their contrasting characteristics
with respect to expected removal and physico-chemical properties.

The approach described in this paper consists in three steps. In a first
step, temporal changes in the concentration in major ionic compounds
are studied in order to describe mixing between three components
(STWW, groundwater, local recharge water) and to highlight geochemical
processes induced by the infiltration of STWW into the aquifer. Geochemi-
cal modelling (PHREEQC, Parkhurst and Appelo, 2013) is used to simulate
the observed concentration using cation exchanges and mixing in order to
identify explicitly the nature and the magnitude of the mixing and geo-
chemical processes. In a second step, the non-reactive chloride break-
through curve is modelled using an analytical 1D solution of the
Advection Dispersion Equation (ADE) (Parker and Van Genuchten, 1984)
for determining the average porewater velocity (ν) and the hydrodispersive
parameters (dispersion coefficient, D). In a third step, the breakthrough
curves of the TrOCs are modelled with the ADE for the calculation of
first-order degradation rates (μ) and retardation coefficients (R) consider-
ing uncertainties on ν, D, and injected concentrations (STWW concentra-
tion) through a Monte-Carlo approach. These values are compared with
those from other field or laboratory studies considering site-specific factors
determining the reactivity of the SAT of Agon-Coutainville with respect to
TrOCs.

Through close collaboration with the operator, this site provides a rare
opportunity to study trace organic components at the field scale for an op-
erating SAT system. The scale effect has been identified as a major obstacle
in the evaluation of the environmental behaviour of pollutants. Upscaling,
compared to experimental work (batch and column experiments) address-
ing decimetric or, at best, metric scale, is therefore essential to assess real-
world reactive transport of TrOCs. Also, investigating a non-disturbed po-
rous medium with already well-established microbial communities after
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some years of SAT functioning, is likely to provide a more realistic estima-
tion of transport and reactive parameters than lab-scale experiments with
reconstituted soil/aquifer material. The Agon-Coutainville site allows for
surveys to be conducted under controlled conditions, thus combining the
advantages of field-scale surveys with the rigor of experimental work.

2. Materials and methods

2.1. Site description

The study area is located in Agon-Coutainville (Manche, Normandy,
France), along the coastline of the English Channel is presented in Fig. 1.
The municipality is one of the oldest seaside resorts of the Manche depart-
ment and is the location of the largest shellfish aquaculture area in France.
Subject to a large tidal range, the groundwater resources are prone to sali-
nization in this coastal area, resulting in low capacity for water supply. The
climate is temperate with strong seasonal variations in rainfall with the
wettestmonth beingNovember (108mm/month on average) and the driest
April (43 mm/month on average) over the period 2006 to 2018.

In Agon-Coutainville, a SAT scheme has been implemented as comple-
ment to activated sludgeWWT for more than 20 years with a treatment ca-
pacity of 35,300 population equivalents since 2005. The STWW is
infiltrated via the SAT system through a reedbed area overlying a 7–9 m
thick sandy unconfined aquifer. Based on investigations carried out within
a 3 year EU H2020 project, AQUANES (Pettenati et al., 2019), the second-
ary WWT combined with the SAT system is considered as beneficial for
Fig. 1. Site description and conceptual model, experimental design; A) location of the A
green and white, B) location of the infiltration pond of STWW during experimentation,
observation well NP1.
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seawater quality when compared to other WWT systems where the
STWW is generally directly discharged in the surface water (Picot-
Colbeaux et al., 2021). The direct discharge of STWW to the sea is thus
disregarded in this area to guaranty sustainability and quality of shellfish
production, and preserve touristic economy along the coast.

Regulatorymonitoring datawere acquired between 2005 and 2020 from
the operator (SAUR). An average daily volume of 1471 ± 791 m3 (mean
2007–2020) of STWW is discharged every four months alternately into
three reed-grown infiltrations ponds with a total surface of 35,000 m2.
The volume and quality of STWWare subject to important variations caused
by seasonal climatic variations and touristic activities: from amean flowrate
of 895 ± 372 m3/d and a mean BOD5 (Biological Oxygen Demand in 5
days) of 308 ± 87 mg/L in October to a mean flowrate of 2194 ± 1076
m3/d and a mean BOD5 of 136 ± 71 mg/L in February.

The aquifer is highly transmissive (0.0016–0.003 m2/s, Pettenati et al.,
2019) as it consists of coarse silt (15%),fine sand (9%) to coarse sand (51%)
and becomes rich in fragments of shells with depth (Crampon et al., 2021)
on top of altered clay from bedrock (schist) weathering (Dupret et al.,
1987). The organic matter weight is about 4.6% (Crampon et al., 2021).
Previous samples of sand at different depths allowed to quantify the frac-
tion of organic carbon content (foc) at different depths and showed higher
foc in surface samples (foc = 1.6% on 0–40 cm, foc = 0.35% on
40–80 cm) and lower foc in deeper samples (foc = 0.26% on 80–120 cm,
foc = 0.15% on 120–160 cm).

Observation wells located upstream and downstream of the ponds,
(Fig. 1a and b) allowmonitoring of the groundwater level and groundwater
gon-Coutainville coastal operational study site with the three infiltration ponds in
C) Schematic cross section of the experimentation from the infiltration pond to the



Fig. 2. Variations of rainfall (A) and STWW (B) flowrates during the experiment.
Infiltration started the 23/10/2018.
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quality. Groundwaterflows from the east to the west of the study sitewith a
mean hydraulic gradient of 10−3 varying seasonably. Close to the pond, the
groundwater flow is strongly linked to the discharged STWW flowrates.
Groundwater level measurements showed that the unsaturated zone is
thin: varying from amaximum of 1.5 m to zero, depending on seasonal var-
iations and the location of the observation point with respect to the active
infiltration pond.

Previous water samplings (Pettenati et al., 2019) over six field cam-
paigns at monitoring well NP1 (Fig. 1) showed clear differences in chloride
concentrations between STWW (458.5 ± 295.4 mg/L) and groundwater
(123.7 ± 53.9 mg/L). TrOC concentrations are also much lower in the
groundwater. As example, at NP1 observation well, mean OXZ concentra-
tions are respectively 1882.5 ± 806.1 ng/L in STWW and 206.6 ±
126.5 ng/L in groundwater and mean CBZ concentrations 644.3 ±
367.2 ng/L in STWW and 166.8 ± 86.6 ng/L in groundwater.

2.2. Conceptual model and experimental design

The groundwater in the SAT is a mix between different endmembers:
(1) regional groundwater flow, (2) local recharge by rainwater,
(3) SWWT and (4) seawater intrusion.

The TrOCs concentrations in the groundwater of the SAT depend on
(1) dilution of the infiltrated waters in the aquifer by the different
endmembers, (2) biogeochemical mechanisms (sorption or/and degrada-
tion) occurring in soil and aquifer, and (3) microbial degradation depend-
ing on the residence time of STWW in the aquifer and thus on the
groundwater flow dynamics. The latter is strongly influenced by external
factors (winter recharge, individual rainfall events, tides…).

Given the multiplicity of external factors, we conducted an infiltration
experiment in one of the ponds to better constrain the boundary conditions
for flow and reactive transport of the TrOCs in this SAT system.

Monitoring of the resulting STWWplume in an observationwell located
downstream of the pond, on the main groundwater flow line provided
breakthrough curves for a conservative intrinsic tracer (chloride) and the
investigated TrOCs. The measurements are used to (1) quantify the admix-
ture of STWW to the groundwater, (2) calculate the velocity/residence time
of the infiltrated water and the hydrodispersive characteristics of the aqui-
fer, and (3) estimate the reactivity of the TrOCs present in the STWW from
sorption processes assessed through retardation coefficient (R) and degra-
dation processes through first order degradation rate (μ).

The breakthrough curves are modelled using an analytical 1D solution
of the Advection Dispersion Equation (ADE) (Parker and Van Genuchten,
1984) taking into account reactivity through R and μ. Simplification as-
sumed by this solution are (1) steady-state flow in a homogeneous porous
media, (2) no transversal or vertical mixing along the flow path (e.g. by
local recharge) and (3) homogeneous reactivity and geochemical equilib-
rium along the flow path. Applied to horizontal water flow and transport
through the aquifer, the use of a 1D model is justified because of the low
transversal flow and the low thickness of the unsaturated zone in this ho-
mogeneous sand aquifer.

The experiment was conducted under the best possible conditions for
observing strong contrasts between the ambient groundwater and the infil-
trated STWW, during a period (1) with low initial TrOCs concentrations in
groundwater due to a long interruption of infiltration before the experi-
ment and (2) with low external influence, notably by local recharge (ini-
tially dry period).

2.3. Tracer test experiment

2.3.1. Experimental conditions
To measure breakthrough curves of chloride and TrOCs during STWW

infiltration under conditions of operational use of the SAT, the present infil-
tration experiment was conducted in the southern part of the reedbed (area
1 in Fig. 1) using NP1 as observation well. The area 1 is the farthest pond
from the sea, minimizing the tidal effects. To observe a significant concen-
tration difference between STWW and groundwater, the area was not fed
4

by STWW for more than 8 months and the period selected corresponds to
the highest pollutant concentration release in the STWW during the year.
October, which is the driest month, was chosen in the aim to have the low-
est interference of freshwater admixture to the STWW or directly to the
groundwater (natural local recharge) during the experiment thus minimiz-
ing the effect of natural variations for the quantification of the reactivity of
the system and maximizing the reactivity within the SAT. Starting from 23
October 2018 for 34 days, the STWWwas released to the pond through sep-
arate outlets. The flow distribution between the four possible outlets is not
controlled but depends on the hydraulic conditions in the supply pipes.
During this experiment, the outlet 1 at 35 m from the observation well
NP1 was mainly active (discharge point 1 in Fig. 1).

STWW and rainfall variations during the experiment are presented in
the Fig. 2. The overall STWW discharged flow were measured through a
Venturi channel equipped with a radar level meter and varied from
595 m3/d to 1367 m3/d, with an average of 816 m3/d. Daily variations
are due to operational conditions in the WWTP and are also correlated to
rain events recorded at the meteorological station located at 10 km of the
study site, an increase of rainfall leading to an increase in the STWWflow rate.

The potential infiltration rate in the surface of the infiltration pound is
estimated at 8 m/d. The STWW infiltrates into the aquifer at the point of
discharge without any large accumulation of water on the surface. The
groundwater level progressively increases from 1 m depth to the near
sub-surface of the pond resulting in thewater saturation of the pond bottom
after two weeks. An artificial gradient from the infiltration pond to the NP1
observation well is ensured by pumping in the well (3 m3/h flow rate on
average) activated five days before the beginning of the infiltration to
obtain an convergent and initially permanent flow regime. Water levels
(±0.5 cm), electric conductivity (±1%) and temperature (±0.1 °C) were
continuously measured by a CTD-Diver probe (VanEssen) in the observa-
tion well.

2.3.2. Water sampling and analysis
For 34 days after the beginning of STWW discharge in the infiltration

pond, water was sampled in the NP1 observation well and in the STWW.
The NP1 water samples were collected at the pump outlet and the STWW
samples at the treatment plant outlet. Samples were collected in 1 L
amber glass bottles and conserved frozen until transport to the laboratory.
Groundwater samples for chlorides, TrOCs and nitrates (NO3) analysis
were collected every 1–2 days during the whole experiment for a total of
17 samples in 34 days of experiment. STWW samples for chlorides, TrOCs
and NO3 were collected every day in the first week then once every week.
In addition, six samples were collected once a week for major ions analysis,
DOC in STWW and groundwater. For each sample, on-site measurements
of pH (±0.05), Eh (±20 mV), temperature (±0.1 °C), dissolved oxygen
(±5%) were performed (WTW, Multi 3410, Germany).

Major cations (Na, Ca, Mg, K) were measured with ICP-MS, COD with
sodium persulfate oxidation and major anions (Cl, NO3, SO4) with ion



Q. Guillemoto et al. Science of the Total Environment 836 (2022) 155643
chromatography. The samples were 0.45 μm filtered in-situ. For TrOCs,
samples were filtered in the laboratory before analysis (GFF, 0.7 μm).
Wastewater samples were diluted by a factor of 10 with demineralised
Milli-Q® ultrapure water to decrease matrix effects on the chromato-
graphic analysis. The analytical method employed for the 7 TrOCs (OXZ,
CBZ, BTZ, TTZ, CAF, PAR, IBU) is online SPE extraction with Oasis HLB
SPE online cartridges (Waters, France) and analysis by liquid chromatogra-
phy coupled to a triple quadrupole mass spectrometer with positive and
negative electrospray ionization (UPLC/MS-MS, Waters Quattro Premier
XE system, Guyancourt, France) (Togola et al., 2014). Quantification of
TrOCs in the environmental samples is done by internal standard calibra-
tion with a relative standard deviation of the quantification estimated
around 20%. The internal standard is added to the sample before extraction
for quantification. Limits of quantification (LOQ) were determined using
nanopure water spiked with the target compounds with five different con-
centrations. The LOQ are 50 ng/L for all TrOCs except IBU, which has a
LOQ of 100 ng/L.

2.4. Mixing calculations

Multi-parameter geochemical data obtained during the 34-day experi-
ment are interpreted using the PHREEQC software and database
(Parkhurst and Appelo, 2013) to estimate mixing, geochemical equilibria
and water-soil interactions. Considering the chemical properties of ground-
water and aquifer, sole cation exchanges reactions have been taken into ac-
count to simulate the fate of major cationic compounds.

Gaines-Thomas convention (Parkhurst and Appelo, 2013) is considered
for the cation exchanges computation. The equilibrium constants for the
Gaines-Thomas model as listed in Appelo and Postma (2005) are included
in the PHREEQCdatabase. Only exchange between Ca2+ and Na+ predom-
inant in initial groundwater and STWW respectively is considered here as:

Ca2þ þ 2X � ¼ CaX2 logK ¼ 0:8

Naþ þ X � ¼ NaX logK ¼ 0

X− are the exchanges sites. The capacity of the surface to exchange cat-
ions is determined by the cation exchange capacity (CEC) in meq/L equiv-
alent to a meq/kg of soil, usually measured in the porous media.
Assumptions on porosity and specific weight of the mineral phase for the
conversion to meq/kg are detailed in the Supplementary material. A CEC
representative of the investigated scale could not be measured, so that we
estimated an optimised value of CEC through trial and error to fit the first
groundwater analysis affected by the STWW plume. CEC is then
recalculated iteratively for each time step of the simulation.

In the simulations, three endmembers were taken into account: STWW,
baseline groundwater (the initial concentration in groundwater) and an ex-
ternal endmember, local recharge water. Concentrations are available in
the Supplementary material 1. STWW and groundwater concentrations
were taken from the field measurements. A low Cl− concentration of
5 mg/L was assumed for local recharge water. This estimated value relies
on typical rain (e.g. Négrel et al., 2007). We also assumed that this infiltrat-
ing rainwater interacted with the soil minerals, similarly to baseline
groundwater.

2.5. Flow and transport modelling

2.5.1. Analytical equilibrium ADE solution
The breakthrough curves obtained for chloride, considered as conserva-

tive tracer, and for reactive TrOCs were modelled using equilibrium analyt-
ical solutions of the one-dimensional equilibrium ADE (Parker and Van
Genuchten, 1984) described by the following equation:

R
∂C
∂t

¼ D
∂2C
∂x2

� v
∂C
∂x

� μC (1)
5

where C [ML−3] is the resident concentration of the solute in the liquid
phase, x [L] the distance along the flow, t the time [T], ν [LT−1] the average
pore water velocity defined as v = q/nc where nc is the effective porosity
and q [LT−1] the Darcy velocity. D [L2T−1] is the dispersion coefficient de-
fined asD= ν.αLwhere αL [L] is the longitudinal dispersivity, μ [T−1] is the
first-order degradation constant of the solute, and R [−] is the retardation
coefficient of the solute. R and μ describe the sorption and biodegradation
processes along the flow path.

The analytical (Eq. (1)) solution for the ADE is given for initial and
boundary conditions.We consider a solution with (1) a constant initial con-
centration in groundwater assumed as C(x,0) = Ci, (2) a third-type inlet
boundary condition with a unique pulse-type input concentration

vC 0, tð Þ � ∂C 0, tð Þ
dx ¼ vC0 tð Þ with a constant infiltrated STWW concentration

C0, (3) a lower semi-infinite boundary condition.

2.5.2. Model calibration and uncertainties
Parameters were estimated in three steps. First, an initial statistical dis-

tribution for the physical parameters (θP), i.e. the pore-water velocity, ν, the
dispersion coefficient, D, and the input concentration, C0, was obtained
from the analysis of the conservative tracer (Cl−) at the outlet of the
WWTP and in the SAT system. Then, reactive chemical parameters (θC),
i.e. the retardation coefficient, R, and degradation coefficient, μ, where es-
timated by fitting the ADE on TrOC breakthrough curves using the initial θP
values. In a final step, the quality of the fits was optimised by adjusting iter-
atively both the θP and θC. The initial distribution of the transport parame-
ters (pore-water velocity, ν, and dispersion coefficient, D) was estimated by
trial and error modelling of the breakthrough curve of the conservative
tracer (chloride)with the ADE. The parameters v andDwere adjusted to en-
compass the likely positions of the front given the series of observations.
Following Refsgaard and Henriksen (2004), we acknowledge that the true
behaviour of an open system cannot be computed due to uncertainties
(on data, on unaccounted forcings) and lack of knowledge (on the real hy-
drodynamic behaviour). In this line, a manual calibration procedure was
applied in order to stay consistent with all observations and uncertainties
an automatic fit of the model would not be able to account for. Ranges of
acceptable values of D and νwere established using this manual procedure.
The range of observed concentrations at the WWTP outlet provide an esti-
mate for C0.

The parameters describing the reactive transport of TrOCs (θC) were esti-
mated with the nonlinear parametric estimation package CXTFIT (Toride
et al., 1995) by fitting analytical solutions to observed TrOCs data, for given
sets of parameters θP. The CXTFIT/Excel module developed by Tang et al.
(2010) was used for its great flexibility. It uses the Excel Solver to obtain a
best estimate of parameter values that minimizes the sum of square of errors
between observations and simulations. The quality of the fit can be described
by the coefficient of determination (r2=1− SSR/SST, where SSR is the sum
of squares of the residues and SST the sum of squares of observations).

Uncertainties on initial θP values were propagated by a Monte Carlo
procedure. 1000 sets of plausible values of D, ν and C0 (for every TrOC)
were generated. The ν and D values were randomly chosen in uniform dis-
tributions covering the range of previously estimated acceptable values ob-
tained by simulation of the chloride breakthrough curve. For C0, a uniform
distribution covering the range of the STWWconcentrationsmeasurements
during the experiment was used. Applying CXTFIT to all chosen θP values
provides a range of values of θC, each of them being optimal with regards
to the chosen parameters θP values.

The application of CXTFIT combined with the Monte Carlo procedure
will also show that the quality of the fit, as measured by the r2 values,
may strongly depend on the θP, which means that some parameter sets ap-
pear better than others in view of TrOCs measurements.

As shown e.g. byHuet et al. (2004), in the case of independent Gaussian
errors with identical variances, the least square estimator is also the maxi-
mum likelihood estimator. The underlying model can be written as follow:

yi ¼ f ti, θP, θ∗C ti, xi, θPð Þ� �þ σ:ϵi (2)
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where ϵi is a set of independent Gaussian random variables N(0,1) with σ
their variance, and where the function f provides the values simulated by
the ADE at times ti with parameters θP, and with the optimal set of param-
eters θC∗ obtained after applying the CXTFIT procedurewith a set of xi values
with parameters θP. It can be rewritten as

yi ¼ g ti, xi, θPð Þ þ σ:ϵi (3)

where g is the application of the ADE model using the optimised θC∗ values.
The likelihood function is

p yi; θP, σ, xi, tið Þ ¼ 1

2πσ2ð Þn=2
exp � 1

2σ2
∑i yi � g ti, xi, θPð Þð Þ2

� �
(4)

The final optimised distribution of θP was obtained within a Bayesian
framework. The likelihood function can be seen as proportional to p(θP; ti,
xi,σ) to provide a final distribution of parameters θP (the initial distribu-
tions were set as uniform as stated above). This posterior probability distri-
bution was used as weights applied to the 1000 set of values of θP, tofinally
compute the empirical mean and variance of θC∗ (R, σR, μ, σμ) since θC∗ are
functions of the θP.

2.5.3. Degradations and sorption parameters
First-order degradation constant (μ) are discussed in the following using

the degradation half-life (t1/2) defined as the time it takes for the concentra-
tion to drop to half of its initial value calculated as:

t1=2 ¼ ln 2
μ

(5)

The retardation coefficient R in the ADE equation represents the effect
of sorption on transport and indicates relativemobility of a particular solute
defined by:

R ¼ 1þ ρdKd

n
(6)

whereKd [L3M−1] is the soil–water partition coefficient, n [−] is the poros-
ity and ρd [ML−3] is the soil bulk density.

Retardation coefficient is further discussed considering site-specific key
factors (i.e. organic matter). For organic compounds, when sorption is
mainly linked to organic carbon in soils or sediments (Karickhoff et al.,
1979), it is convenient to define:

Kd ¼ f oc:Koc (7)

where foc [−] is the fraction of organic carbon, and Koc [L3M−1] is the soil–
water partition coefficient normalised to organic carbon.
Fig. 3. Boxplot of the conservative chlorides (Cl−) and TrOCs analysed above QL during
TrOCs are benzotriazole BTZ, tolytriazole TTZ, oxazepamOXZ, carbamazepine CBZ and c
the final concentration in groundwater (25d < t < 34d) and GDWint the concentration in
the mean values and black dots are extreme concentrations exceeding the 3rd quartile b
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To compare the retardation between different studies, R or Kd are
expressed as logKoc, calculated from the foc or soil bulk density and porosity
of the material associated.

3. Results and discussion

The TrOCs analyses show that the concentrations of IBU and PAR fall
below the quantification limit whereas those of BTZ, TTZ, OXZ, CBZ, CAF
are above the quantification limit so that only the latter are presented and
discussed. The Fig. 3 presents for each TrOCs and for chloride, the STWW
and the groundwater concentrations for different periods: GDWi: initial pe-
riod within the first 5 days; GDWend: final period in the last 10 days; and
GDWint: the intermediate period between the two.

Mean concentrations found in STWW are 555.8 ± 58 mg/L for Cl−,
1875 ± 401 ng/L for BTZ, 2278 ± 607 ng/L for TTZ, 2043 ± 106 ng/L
for OXZ, 750 ± 158 ng/L for CBZ and 138 ± 219 ng/L for CAF. The
STWW concentrations vary during the experiment for BTZ, TTZ, CBZ, and
CAF whereas they are rather constant for Cl− and OXZ. STWW concentra-
tions are significantly higher than those measured in the baseline ground-
water GDWi (3 times higher for Cl− and CBZ and 6 to 14 times higher for
BTZ, TTZ and OXZ). Cl− and TrOCs concentrations increase in GDWint dur-
ing the experiment reaching a maximum in the GDWend, from 206 mg/L to
505mg/L for Cl−, from less than 300 ng/L to more than 600 ng/L for BTZ,
TTZ and OXA, and from 283 ng/L to 438 ng/L for CBZ. For CAF, the same
tendency is no so clearly observed due to the greater variability of the mea-
sured concentrations.

The maximal concentration measured in GDWend is almost equal to the
concentration in STWW for Cl−, whereas it is much lower for all the TrOCs
indicating attenuation due to reactive processes compared to non-reactive
Cl−.

3.1. Identifications of mixing endmembers from major ion analysis

The application of the ADE solution based on the assumption that Cl−

concentrations are conservative requires prior identification of the water
sources contributing to groundwater at the observation point and verifica-
tion that breakthrough curve interpretations are not biased by the influence
of saline intrusion and/or individual rainfall events that may impact the es-
timation of the average pore water velocity and dispersivity.

The evolution of the major ions concentrations in the groundwater and
STWW during the 34-day experiment is shown on the Piper diagram
(Fig. 4). Overall, the groundwater progressively approaches the STWW
composition in the end of the experiment. More precisely, a displacement
of the groundwater chemical composition (O1, O2, O3 and O4) is observed
between two well identified endmembers: initial groundwater (at t = 0d)
and STWW. The initial groundwater is a predominantly calcium bicarbon-
ate water (higher Ca+ concentrations) while STWW is a sodium chloride
water (higher Cl− and Na+ concentration). Compared to the groundwater
composition at t = 6d which is similar to initial groundwater, the
the experiment in GDW (Groundwater) or STWW (Secondary TreatedWasteWater).
affeine CAF. GDWi is the initial concentration in groundwater (0d< t< 5d); GDWend

groundwater between initial and final concentrations (5d < t < 25d). The red dot is
y 1.5 interquartile.



Fig. 4. Piper diagram of the major ion analysis in groundwater (GDW) and secondary wastewater (STWW) during the 34-day experiment (observations O1-O4). PHREEQC
simulations (GDW sim) from t= 13 days to t= 34 days (S1–S4) mixing GDW and STWW with different proportions include ion exchange processes. The t= 20 day (O2)
measurement point have been simulated (S2) adding mixing with an additional endmember “local recharge water”.
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groundwater at t = 13d, O1, is the first groundwater sample indicating a
mixing with the STWW and thus the arrival of the STWW plume through
the soil and aquifer.

Cations exchanges between Na+ and Ca+ are strongly suggested by
the observations that deviate from the theoretical mixing line especially
O1, O3 and O4 noticeable on cations and anions plots of the piper
diagram. The disequilibrium induced by the STWW infiltration
obviously causes a release of Ca+ replaced by Na+ on the exchanges
sites in soil and aquifer.

PHREEQC simulations are used to estimate the contribution of each
endmember and to reproduce the measurements considering cationic ex-
changes reactions. They are set up as follows: i) 3 endmembers are consid-
ered: initial baseline groundwater, STWW and local recharge water (cf.
2.4), ii) Cationic exchanges reactions are considered in all the simulations.
The iteratively optimised global CEC value of soil and aquifer material (see
above) is estimated as 80 meq/kg which is higher than the CEC of pure
quartz of 10 meq/kg (Appelo and Postma, 2005) yet much lower than
CEC of organic matter of 1500–4000 meq/kg (Appelo and Postma, 2005).
This CEC value of 80 meq/kg, if we consider that all the reactivity stems
from organic matter (1500–4000 meq/kg), would be equivalent to
5.3–1.7% of organic matter in the soil and aquifer which is similar to values
obtained for the sands of the study site (4.6% Crampon et al., 2021). In the
following, the observations (measurements) are referred to as O1 toO4 and
the corresponding simulations as S1 to S4 (Fig. 4).

At t=13d, the simulation of O1 (S1 on Fig. 4) results in initial ground-
water. With more than 50% STWW contribution at day 13, this simulation
provides a first estimation of themean residence time of STWW in the aqui-
fer at less than 13 days (from the discharge point to NP1 at 35 m).

At t=20d, the chloride concentration decreases but is not accompanied
by a decrease of Na or Ca concentrations (O2 and S2 on Fig. 4). Simulation
of the O2 chemical composition not only indicates a 80% STWW mixing
with 20% initial groundwater but also with a third endmember (35%).
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The third component is probably explained by the rainfall event at t =
17d (local recharge water) inducing a dilution of Cl− concentrations.

At t = 27d (O3 and S3) and t = 34d (O4 and S4), the groundwater
chemical compositions indicate that the STWW infiltrated water equili-
brates with the aquifer chemical material and cations exchanges slightly af-
fect the Na/Ca ratio. The simulations S3 and S4 of observations O3 and O4
result in a mixing proportion of 95% and 100% of STWWwith no contribu-
tion of additional endmember indicating a total replacement of groundwa-
ter by infiltrated STWW flow at 34 days.

Except from t = 17d to t = 20d, when the local recharge water
endmember contributes, the groundwater may be represented by a
mix between only two endmembers, initial groundwater and STWW
with no contribution of brackish water in the study area during the
experiment. The use of the 1D ADE is thus justified to simulate the
breakthrough curves between an initial state with concentrations Ci in
the initial groundwater and a unique, pulse-type STWW input with
concentrations C0.

3.2. Flow and conservative transport

3.2.1. Breakthrough curves of chlorides
The breakthrough curve of chlorides and STWW chloride concentra-

tions are presented in the Fig. 5.
STWW Cl− concentrations vary slightly during the experiment with a

decrease from a mean concentration of 588 ± 32 mg/L over the first
6 days of the experiment to 481 ± 14 mg/L from t = 6d to 34d of the
experiment.

Groundwater concentration of Cl−, shows a sharp increase in concen-
tration between t = 8d and t = 13d from an initial low concentration
(206 ± 8.7 mg/L, t = 0d to t = 3d) to a plateau concentration similar to
STWW concentrations at t=15d. That confirms that STWW has totally re-
placed baseline groundwater in NP1 at the end of the experiment.



Fig. 5. Chloride measurements in STWW and breakthrough curve of chloride in
groundwater at the observation well NP1. The mean curve is modelled with the
1D ADE equation using C0 (orange horizontal line) as input STWW concentration.
Ci are the initial concentration in the ADE equation. The range of non-reactive
transport parameters D and ν encompass the most probable curves and simulated
curves are positioned between blue and red line. The mean parameters provide
the mean simulated curve.
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Some external events cause minor short-term variations groundwater
Cl− concentrations during the experiment. Two rainfall events occur at
t = 4d and t = 5d (9 mm and 8 mm) and induce a decrease in chlorides
from 211 mg/L at t = 4d to 145 mg/L at t = 8d. A more important rainy
episode at t = 17d (20 mm) explains the decrease of chlorides from
472 mg/L to 318 mg/L.

3.2.2. Advection-dispersion parameters
The ADE solution requires the initial Cl−concentration of the ground-

water (Ci) and the STWW (C0). We use mean values for t = 0–5d, Ci =
206 mg/L and C0 = 588 mg/L (Fig. 5).

By an iterative approach, ranges of values of the advection-dispersion
parameters ν and D are estimated (Table 1) so that multiple possible break-
through curves envelop the arrival of the front between t=8d and t=15d
(red zone in Fig. 5). With an average pore velocity ν of 2.85 m/d (2.7 to
3 m/d) and a dispersion coefficient D of 2.75 m2/d (0.5 to 5 m2/d) we ob-
tain the mean breakthrough curve shown as dashed line in Fig. 5. The
dispersivity αL is deduced from ν and D with a mean value 0.96 m (0.17
to 1.85 m) in line with previously published relationships between αL and
the investigated scale of measurements for unconsolidated sediments
(Schulze-Makuch, 2005). This low value of dispersivity indicates a predom-
inantly advective flow through this SAT system. The mean residence time
of STWW is then estimated at 12.3 days (11.7 to 13.0 days).

The use of ADE solutions allows a first estimation of ν, D and αL. Never-
theless, differences between simulated breakthrough curves and measure-
ments remain during the plateau phase. In situ studies are complex
because the external factors like rainfall or operating conditions may not
be fully controlled. Rainfall dilutes wastewater and decreases concentra-
tions and may directly influence concentrations in groundwater. These fac-
tors (dilution, C0 variations) are not modelled by the ADE, which induces
uncertainties on the estimation of ν, D. We take into account this uncer-
tainty of the convection-dispersion parameters by defining an initially
Table 1
Flow and non-reactive transport parameters estimated with the 1D ADE resolution
from the chloride breakthrough curve.

Transport parameters Range of values

Lower values Mean values Upper values

ν average pore velocity (m/d) 2.70 2.85 3.00
D dispersion coefficient (m2/d) 0.50 2.75 5.00
αL longitudinal dispersivity (m) 0.17 0.96 1.85
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large range of ν and D (Table 1), used in the following to estimate R and
μ of reactive TrOCs. The associated errors are assessed through a Monte-
Carlo approach.
3.3. Reactive transport of trace organic compounds

3.3.1. Breakthrough curves of trace organic compounds
The breakthrough curves of the TrOCs (Fig. 6) show the evolution of the

STWW and groundwater concentrations during the 34-day experiment and
are used for the estimation of transport and reactive parameters R and μ by
applying theADE solution for BTZ, TTZ,OXZand CBZ. Concerning CAF, the
measured concentration varies strongly in both STWW and groundwater,
this high variation of CAF in STWW is often observed (Li et al., 2018), so
that CAF will not be further interpreted.

In STWW, variations of TrOCs concentration are significant during the ex-
periment. During the first week of the experiment (t= 0d to t= 6d), mean
concentrations in STWW are 1968 ± 277 ng/L for BTZ, 2565 ± 449 ng/L
for TTZ, 2064±88 ng/L for OXZ and 821±121 ng/L for CBZ. A decreasing
trend in STWW concentrations is observed reaching minimal concentrations
of 510 ng/L for CBZ (at t = 13d), 1210 ng/L for TTZ (at t = 27d) and
1195 ng/L for BTZ (at t = 20d). Only the OXZ concentrations remain con-
stant throughout the experiment with small variations. In groundwater, the
global evolution of the TrOCs shows a low initial concentration and an in-
crease to a maximum at the end of the experiment depending on the com-
pounds. The initial groundwater concentrations are: 134 ng/L for OXZ,
238 ng/L for CBZ, 198 ng/L for TTZ and 370 ng/L for BTZ. TrOCs are present
in the initial groundwater despite the fact that there has been no STWW dis-
charge formore than 8months in the pond. These concentrations suggest that
that the baseline groundwater is to some extent contaminated by TrOCs. The
increase in concentration starts from t = 10d to t = 15d depending on the
compounds, which is later than the Cl− breakthrough starting at t= 8d, in-
dicating a retardation for the TrOCs. Finally, the groundwater concentrations
seem to reach a plateau for CBZ, TTZ, BTZ for the last three measurements of
the experimentwithmean concentrations of respectively 438±28ng/L, 755
± 72 ng/L, 908 ± 120 ng/L, much lower than STWW concentrations mea-
sured during the first week indicating the effect of reactive processes. The in-
creasing concentration of OXZ had not yet reached a plateau with a
concentration of 715 ng/L at t= 34d.

The rain events during the experiment have an impact the TrOCs
concentrations. The first rainfall event (t = 4–5d) seems to induce a
slight decrease in concentration at the beginning of the experiment for
BTZ, TTZ, CBZ and OXZ (t = 5–8d). The second rainfall event at t =
17d results in a temporary decrease in groundwater concentrations for
all TrOCs at t = 20d when breakthrough has started, altering then the
shape of the curve.

The STWWconcentrations decrease strongly for BTZ, TTZ and CBZ dur-
ing the experiment. The start of this decrease is difficult to define precisely.
If we fix it around t=10d, considering a residence time of 12dwithout tak-
ing into account retardation, a decrease in groundwater would be observed
around t=22d. Therefore, groundwater concentrations could be impacted
by the decrease in STWW concentration: for TTZ and BTZ at the end of the
experiment, for CBZ from the middle of the experiment. The minor de-
crease of OXZ in the STWW would arrive too late to have an impact on
groundwater during the experiment.

To summarise, the TrOCs breakthrough curves observed are affected by
(1) advection and dispersion, (2) sorption and degradation, but also (3) con-
tribution of a local recharge water and (4) variation of the STWW concen-
trations and flowrates.

Hereafter, the ADE will be used to simulate the TrOCs breakthrough
curves, in the aim to characterise the sorption and degradation processes,
i.e. to define the R and μ parameters. However, the ADE do not take into ac-
count the variations induced by the in situ conditions: contribution of local
recharge water and variation of the STWW concentrations (C0). Therefore,
results of ADE have to be interpreted carefully, considering the experimen-
tal data set. Through aMonte-Carlo approach we consider the uncertainties



Fig. 6.Measured STWW, groundwater concentrations and simulated breakthrough curves from the 1D ADE equation. Selected parameters for the 1D ADE equation are the
optimums parameters v, D, C0, μ and R. The horizontal lines are the C0 taken in the ADE from the optimums set of parameters for the TrOCs; for chloride, the C0 is the chloride
concentration in STWW the first week of the experiment. The estimated analytical error is estimated at 20%.
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associated with C0 variations, assumed, in the first instance, as constant in
our ADE-based model.

3.3.2. Reactive transport parameters calculations
The reactive transport parameters were estimated with the nonlinear

parametric estimation package CXTFIT (Toride et al., 1995) by fitting
analytical solutions to observed TrOC data, for 1000 given sets of parameters
ν and D and C0. The results provide optimised values of R, μ and their errors
σR and σμ calculated from the likelihood distributions of the simulations.

The ν and D values were randomly chosen in uniform distributions cov-
ering 0.5 to 5m2/d forD and from 2.7 to 3m/d for ν, ranges estimated from
the flow and conservative transport interpretation. The C0 values were ran-
domly chosen in a uniform distribution covering the range of STWW con-
centrations of each TrOC measured during the experiment from the
maximal and minimal values: [1725, 2590] ng/L for BTZ, [1803, 3155]
ng/L for TTZ, [1971, 2200] ng/L for OXZ and [510, 1070] ng/L for CBZ.

Results of the application of CXTFIT to 1000 sets of ν, D and C0 values
providing a range of values of v and R, each of them being best fits with
regards to the chosen ν,D andC0 parameters are presented in Fig. 7. The co-
efficient of determination (r2) strongly depends on the values of ν, D and C0

which means that some parameter sets fit better than others to the TrOC
measurements. The adjustment of the simulated curves to measurements
(r2) varies from 0.84 to 0.97 for OXZ, 0.80 to 0.90 for TTZ, 0.86 to 0.89
for BTZ and 0.63 to 0.87 for CBZ. The range of calculated μ et R for the 4
molecules are presented in the Table 2 to give an overview of the dispersion
of the parameters. μ values vary by a factor of two for most parameter, ex-
cept for CBZ with variations by a factor of eight. Values of R vary at maxi-
mum by a factor of 1.5.

The optimised average values of R, μ and their errors σR σμ are calcu-
lated (Table 2) as arithmetic mean and variance values of the 1000 sets of
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values of R and μ with the probability distribution of the likelihood for
weights as described in 2.4.1. The final R, μ show a relatively high residual
error for μ, especially for CBZwith a relative error of 33%. For the R, the re-
sidual relative errors are 10% to 20%.

The sensitivity of R is mainly linked (suppl. material), for all the mol-
ecules, to D and ν; Dispersion (D) and retardation (R) act in the same
sense, their augmentation decreases the slope of the concentration rise
during breakthrough. Best fitting for a too low D can be achieved by
an increase in R. Regarding ν, a too high value accelerates the appear-
ance of the front, which can be compensated by an increase in R. The
sensitivity of μ for the molecules CBZ, BTZ, TTZ is highly related to var-
iations of C0, a lower C0 results in higher optimised μ values to adjust the
plateau concentrations measurements. For OXZ, which has not reached
the concentration plateau over the experiment period, the sensitivity of
μ is mainly caused by the choice of D in the simulations, which is
strongly linked to R as stated before.

Simulated curves (Fig. 6) are represented using the optimised R, μ asso-
ciated with their set of C0, ν and D parameters. The highest retardation co-
efficients are found for OXZ (R = 2.26). The compounds CBZ, TTZ, BTZ
have lower estimated retardation (R = 1.37, 1.35, 1.36 respectively,
Table 2). Contrarily to BTZ, TTZ, CBZ, the simulated curve of OXZ does
not reach the plateau concentration, which reflects its highest retardation
among the investigated TrOCs. The retardation increases the residence
time of the different TrOCs and therefore the availability of the different
TrOCs for biodegradation. The degradation increases the difference be-
tween the concentration plateau and the C0 concentrations highlighting ef-
ficient degradation for BTZ, TTZ and lower degradation rates for CBZ. For
OXZ, which did not reach the plateau phase, the calculated degradation
rates depend on the calculated retardation value to have good adjustment
between modelled curve and measurements.



Fig. 7.Monte-Carlo simulations for oxazepam (OXZ), carbamazepine (CBZ), benzotriazole (BTZ) and tolyltriazole (TTZ). Optimal values of parameters μ and Rwithmultiples
values of D, ν and C0 are represented by the maximal values of the coefficient of determination r2.
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In the following, R and μ estimates, in order to compare themwith liter-
ature values, physico-chemical properties will be discussed as Koc and half-
life (t1/2), summarised in the Table 3.

3.3.3. Specific reactivity of the Agon-Coutainville SAT during the experiment

3.3.3.1. Retardation coefficient. The retardation coefficient R describes de
sorption processes along the flow. Sorption of molecules can occur through
hydrophobic attraction between sediment organic matter and non-polar or-
ganic compounds (hydrophobic partitioning), or through the attraction of
compounds to minerals surfaces by electrostatic forces. In order to identify
the main processes affecting the TrOCs, the physico-chemical characteris-
tics of the compounds are used as the acid dissociation constant (pKa),
characterising the strength of an acid in solution, and the octanol-water co-
efficient Kow, characterising the hydrophobicity of the molecule (Table 3).

The acid dissociation constant pKa, (Table 3) gives information on the
proportion of the ionised form of the molecule taking into account the pH
of the experiment (pH = 7.2–7.8). For CBZ, OXZ and TTZ, pH ≪ pKa-1
shows that neutral forms are clearly the dominating species. For BTZ, the
Table 2
Main characteristics of the obtained distribution of R and μ from the 1000 simula-
tions.

Compound μmin
[d−1]

μmax
[d−1]

−μ
[d−1]

σμ
[d−1]

Rmin
[]

Rmax
[]

−R
[]

σR[]

Oxazepam 0.05 0.10 0.07 0.01 1.80 2.40 2.26 0.07
Carbamazepine 0.01 0.08 0.03 0.01 1.06 1.64 1.37 0.06
Tolyltriazole 0.05 0.10 0.09 0.02 1.10 1.46 1.35 0.05
Benzotriazole 0.05 0.10 0.07 0.01 1.15 1.50 1.36 0.07
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pKa is close to the measured pH range (i.e. pH ≈ pKa-1) and therefore
20%of molecule will exist in anionic form (Table 3). Thus, for BTZ, electro-
static processes can have some impact on the sorption of the compound.

The logKow values of the TrOCs show that these compounds are low hy-
drophobic (1.23 > logKow > 2.32) (Sabljić et al., 1995). Significant retarda-
tion for non-polar compounds with higher log Kow is expected in the
subsurface and it has been recognised some relationship between Kow and
Koc (e.g. Karickhoff et al., 1979; Sabljić et al., 1995). The higher retardation
coefficient estimated for OXZ in this study is consistent with the higher Kow

of OXZ. Some differences from the logKow variations were nevertheless ex-
pected between TTZ, CBZ and BTZ. The molecules being low hydrophobic,
relations between Kow and Koc have limitations (Karickhoff et al., 1979) so
that the use of correlations to predict neutral low hydrophobic sorption be-
haviour is equally limited (Kiecak et al., 2019; Schaffer et al., 2012;
Yamamoto et al., 2009).

In our study, due to the low part of electrostatic processes involved for
the studied TrOCs, themain sorption processwe consider here is hydropho-
bic sorptionmainly drivenby the organicmatter. Thefirstmeters of infiltra-
tion contain higher proportion of organic matter, the main material for the
sorption of these compounds. In the study site the measured foc in surface
samples was higher (1.6%, 0–40 cm) compared to deeper samples (foc =
0.15%, 120–160 cm) as observed in other SAT sites (e.g. Chefetz et al.,
2008; Muntau et al., 2017). As the sorption of hydrophobic and neutral
TrOCs is mainly driven by the organic carbon of the porous medium we
use the Koc calculated values of this experiment for comparison with exper-
imental literature values.

The Kd calculated from the R (Eq. (6)) is normalised to the organic car-
bon fraction of the sediment (foc, corresponding to surface or deeper sample
of the aquifer) to obtain Koc values (Eq. (7)). The Kd for the different TrOCs



Table 3
Physico-chemical properties of the compounds, calculated values of the Koc (*using surface sample foc= 1.6%, ** using deeper sample with foc = 0.15% in the aquifer) and
calculated t1/2 values in this study, literature experimental values of t1/2 and Koc.

Compound Physico-chemical properties Calculated values Literature experimental values

logKow pKad Ion (%)b t1/2 [d] logKoc
⁎ [L/kg] logKoc

⁎⁎ [L/kg] t1/2 [d] LogKoc [L/kg]

Oxazepam 2.32a 10.90 0.08 10 ± 0.7 15.3 ± 4.7 2.3 ± 0.3 54l, >50k, >100j [2.7o–2.4o, 2.2l]
Carbamazepine 2.25a >13.9 0.00 23 ± 7 4.6 ± 1.4 1.8 ± 0.2 No dege, f, g, h, i,35t [2.2–2.6q, 1.4–1.9r, 1.6s]
Tolyltriazole 1.89c 9.92 0.75 7 ± 1.2 4.3 ± 1.3 1.8 ± 0.2 29m, 31–76n, no degm, variablei 1.6c–2.0c, 2.4p

Benzotriazole 1.23c 8.37 21.21 10 ± 1.4 4.4 ± 1.4 1.8 ± 0.2 no degm, 0.06m, variablei, 43–83n 1.5c–1.9c

a US Environmental Protection Agency's EPISuite™ KOWWIN v.1.67.
b Percentage of anionic form= 1 / (1 + 10pH-pKa) × 100.
c Hart et al. (2004).
d PubChem database, n.d. (https://pubchem.ncbi.nlm.nih.gov).
e Drewes et al. (2003).
f Maeng et al. (2011).
g Hellauer et al. (2018).
h Bertelkamp et al. (2014).
i Sanz-Prat et al. (2020).
j Patterson et al. (2010).
k Patterson et al. (2011).
l Löffler et al. (2005).
m Hellauer et al. (2018).
n Liu et al. (2013).
o Stein et al. (2008).
p Burke et al. (2013).
q Chefetz et al. (2008).
r Kiecak et al. (2019).
s Hebig et al. (2017).
t Regnery et al. (2015).
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of the experiment is calculated using the soil bulk density of 1.59 g/cm3,
calculated from the quartz apparent density = 2.65 g/cm3 (Appelo and
Postma, 2005) and a porosity of 0.4 ± 0.1. The logKoc calculated values
for OXZ, CBZ, BTZ, TTZ for different foc values (1.6% and 0.15%) are
summarised in the Table 3.

To compare the Koc values, the Kd or R are therefore normalised with re-
spect to their associated foc values (or Total Organic Carbon) close to our
study (Table 3). For OXZ, logKoc values in the literature fall between 2.7
and 2.4 L/kg (Stein et al., 2008). For TTZ, logKoc values found in the litera-
ture were in the range of 1.6–2.0 L/kg (Hart et al., 2004) to 2.4 L/kg (Burke
et al., 2013) and for BTZ the range from 1.5–1.9 (Hart et al., 2004). For
CBZ, logKoc literature values were in the range of 1.4–2.6 L/kg (Chefetz
et al., 2008; Kiecak et al., 2019).

The foc value of 0.15% representative of deeper samples in the aquifer
leads to Koc values that compare well with the literature, unlike the value
of 1.6%. The water flow passes through the first meter of the infiltration
pondwere organicmatter is higher to a deeper aquifer containing lower or-
ganic carbon. Knowing that, the overall sorption over the 35 m of aquifer is
low compared to the sorption expected over the first meter of the water
flow. A detailed monitoring near the infiltration zone could allow us to dis-
criminate the part of sorption at the beginning of infiltration.

3.3.3.2. First order degradation rates. Losses arising from biodegradation pro-
cesses are frequently explained by first order degradation. The first order
degradation rates estimated here might to some extent be influenced by
local recharge water dilution given the field study conditions. However,
the rainfall events mentioned above are punctual, and only slightly modify
the groundwater TrOC concentrations. Also, the estimated degradation
rates could integrate some irreversible sorption, but further research is re-
quired to test the importance this process. The degradations rates are dis-
cussed and compared to the literature expressed as half-life (t1/2, Eq. (5))
(Table 3).

In a review of different column experiment studies, Greskowiak et al.
(2017) showed that oxic conditions enhance degradation for the majority
of organic compounds. The same study showed that no general conclusions
could be drawn from field studies, considering that no clear distinction
could be made between oxic and anoxic rate constants in such studies.
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Upon and after infiltration, the STWW transits from the oxic infiltration
pond through the unsaturated zone (possibly oxic) to the saturated zone
(anoxic if organic matter supply and microbial activities are sufficient). Be-
side these general assumptions, TrOCs biodegradation processes are very
site-specific and compounds-specific (Greskowiak et al., 2017). At the be-
ginning of the experiment, the pond had not been fed during several
months inducing oxic and carbon-limited conditions. During the experi-
ment, redox measurement showed constant oxic conditions (Eh = 307 ±
49 mV) in the NP1 observation well. At the bottom of the infiltration
pond, the organic carbon input of the STWW (DOC = 7.8 mg/L during
the experiment) might induce anoxic conditions during the experiment.

For OXZ, some studies highlighted the persistent behaviour of this mol-
ecule (Burke et al., 2017; Patterson et al., 2010, 2011) under anaerobic and
aerobic conditions (columns studies). In the context of the soil in the Agon-
Coutainville study site, Crampon et al. (2021) through a batch biodegrada-
tion study found a t1/2 = 3.6 days for OXZ, mainly explained by the bacte-
rial community present in the first meter. In our study, the half-life
calculated is 10 ± 0.7d which highlights higher degradation from other
study and lower degradation than Crampon et al. (2021). The microbial
communities present in the Agon-Coutainville SAT are supposed to be
well adapted to the TrOCs due to more than 20 years of regular inputs
from WWTP (Crampon et al., 2021) which can enhance the degradation
of the TrOCs. Compared to Crampon et al. (2021) based on column-scale
surface soils sample, the lower degradation estimated here can be explained
by the lower microbial activity on themajor part of the flow path compared
to the degradation in the first meter of infiltration.

BTZ and TTZ were previously studied in SAT. Hübner et al. (2012)
showed low removal during SAT (<10%) for both compounds. Hellauer
et al. (2018) assumed no degradation for modelling purposes of BTZ and
TTZ for conventional SAT systems, results contrasted with lower half-life
time (t1/2) for BTZ (1.5d) and TTZ (29.6d) when combining two infiltration
steps with an intermediate aeration to establish more favourable oxic and
carbon-limited conditions. Sanz-Prat et al. (2020) deduced from modelling
a slight degradation depending on the seasons and temperatures. From lab-
oratory experiments, Liu et al. (2011) observed very low degradation of
BTZ (t1/2=114–315d) and TTZ (t1/2=14–41d) under different redox con-
ditions where aerobic biodegradation showed to be the dominant natural

https://pubchem.ncbi.nlm.nih.gov
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attenuation mechanism. Liu et al. (2013) obtained t1/2 = 43–83d for BTZ
and t1/2 = 31–76d for TTZ depending on the redox conditions in different
sediment materials with highest degradation losses under aerobic condi-
tions. Under certain oxic/suboxic conditions, Burke et al. (2014) showed
redox- and temperature-dependant degradation; higher temperatures
hence enhanced microbial activity and more reducing conditions resulted
in a t1/2 = 7d for TTZ, meanwhile, no degradation was found for BTZ.
Redox conditions seem to affect the degradation rates but no clear rules
can be derived from the literature values. In our study, the half-life esti-
mated for BTZ and TTZ are 9.9 ± 1.4d and 7.4 ± 1.2d respectively, ap-
proaching some of the half-life values of the literature. Combined oxic
and anoxic conditions along the flowpath of our experiment, and long-
term adaptation of the biomass might enhance the degradation of both
compounds.

CBZ biodegradation is almost null in most studies from laboratory ex-
periments (e.g.; Hellauer et al., 2019; Maeng et al., 2011; Patterson et al.,
2010), and due to its presence in STWW, CBZ has been used as a STWW
tracer (Cary et al., 2013; Clara et al., 2004). On field scale, no degradation
is observed (Drewes et al., 2003; Muntau et al., 2017) and for modelling
purposes, t1/2 > 433d and 66d were necessary for Henzler et al. (2014)
and Sanz-Prat et al. (2020) respectively to explain the observed CBZ behav-
iour. On soil column experiments, Regnery et al. (2015) obtained a t1/2 of
35.2d under suboxic conditions meanwhile no (t1/2 > 700d) and very low
(t1/2= 106d) degradation under anoxic and oxic conditions were observed
for CBZ. The optimised half-life estimated by this study is 23 ± 7d. This
half-life is found lower than most literature values but approaches estima-
tions of Regnery et al. (2015) for suboxic redox conditions. Uncertainties re-
main high in the estimation of t1/2 for CBZ due to its high STWW variations
relative to the low concentrations in groundwater so that even low varia-
tions due to external events (local natural recharge) would affect strongly
the degradations rates estimations. Nevertheless, as observed for OXZ, in-
situ conditions can enhance the biomass activity during the infiltration
and the combined condition of oxic and anoxic redox conditions might in-
crease the biodegradation of a compound as CBZ traditionally considered as
persistent.

The results show an efficient degradation of BTZ and TTZ within the
SAT taking into account the variability of transport parameters and
STWW variations concentrations through the method used here. CBZ and
OXZ showed higher degradation rates in the Agon-Coutainville SAT than
other studies, mainly explained by the long-term adaptation of the SAT sys-
tem to STWW and by the redox conditions through the flow; furthermore,
given the uncertainty on the t1/2 for CBZ, more research will be necessary
to verify efficiency of this SAT system.

In the objective of prediction, the estimated parameters give a first idea
of the reactivity of the SAT system but extrapolation to a larger scale will
require further investigations since themajor part of biodegradation and re-
tardation is expected to take place over the first meters of flow. Neverthe-
less, these estimations provide evidence of the degradation of TrOCs that
can be expected until the outflow of the groundwater (river, sea, harbour).
The extrapolation of the reactive parameters estimated here to other
study sites is not advised, as a huge variability of rate constants are high-
lighted between different studies, even for comparable approaches and
investigation scales, there is an uncertainty on the degradation rates and
on the influencing factors and processes involved (Greskowiak et al.,
2017).

4. Conclusions

In this study, an experimental design is proposed for the quantification
of the flow and transport characteristics of an aquifer and the estimation of
transport and reactive parameters of TrOCs through sorption and biodegra-
dation during their transport at field scale. Our methodology is applicable
under operational conditions of real-world SAT systems.

It combines (1) monitoring of intrinsic tracers (major ions including
chloride as conservative tracer) and of TrOCs during controlled STWW in-
filtration, (2) the use of ADE to estimate mean residence time and
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dispersive parameterD, (3) best-fit algorithms and aMonte-Carlo approach
to estimate the reactive parameters R and μ and their uncertainties.

Applied to the Agon-Coutainville study site, results highlight the supple-
mentary mitigation of the residual TrOCs after secondary wastewater treat-
ment provided by SAT, due to sorption and degradation processes. Cationic
exchanges are observed from the major ions analysis, possibly also related
to the organicmatter content of the sands. Retardation of TrOCs is observed
during the transfer through soil and aquifer. A slightly higher retardation
for OXZ compared to other TrOCs is mainly explained by the logKow of
the molecule through hydrophobic sorption onto the organic matter but
no differences were found for CBZ, TTZ, BTZ. The compounds OXZ, TTZ,
BTZ, and CBZ considered as relatively persistent in the literature, were de-
graded by the SAT on this site possibly due to favourable redox condition
and important microbial activities within a system already in place for sev-
eral years. The identified reactive parameters are averaged spatially in our
study, but the strongest reactivity is expected at the beginning of the infil-
tration. To confirm the hypothesis of spatial variations of reactivity within
the SAT, studies with a higher spatial resolution are recommended.

The strength of our method lies in the simplicity and robustness of the
measurements and interpretation of hydrochemical data so that it can be
adapted to other SAT field studies under the conditions of operational
use. Considering the technical and financial constraints of an operating
SAT, the methodology presented here can provide operators with impor-
tant information on reactive transport parameters to estimate the efficiency
of the SAT for the removal of TrOCs.

At a larger temporal and spatial scale, compared to our experiment, the
transient effects (i.e. natural recharge, tides, STWW flow and concentration
variations) can have important impacts on the purifying effect of SAT on
TrOCs due to modification of residence time andwater mixing proportions.
Using transient modelling tools, further investigation of the Agon-
Coutainville SAT is planned to determine the impact of these variations
on the SAT efficiency and to accurately assess the fate of TrOCs in such nat-
ural systems.

At the laboratory scale of investigation, further investigations of the
site-specific factors (i.e. in-situ redox conditions, key enzymes of the micro-
bial community, composition of the organic matter…) coupled with the in-
vestigation of degradation pathways are needed to identify key factors
triggering the degradations and sorption processes in this specific SAT sys-
tem. These key factors of TrOCs are still poorly understood in such field-
scale SAT systems.
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