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Abstract 8 

We investigated the mechanisms of interactions between divalent aqueous Hg and rock samples 9 

originating from an outcropping rock formation, the Albian Tégulines Clay (France, Aube). Two solid 10 

samples collected at two different depths (7.7 and 21.2 m depth) in the rock formation were selected 11 

since, in situ, they had and were still experiencing contrasting redox conditions, and thus had different 12 

mineralogy with regards to the minerals containing redox-sensitive elements, in particular iron. The 13 

sample that was the closer to the surface was under oxidizing conditions and contained goethite and 14 

siderite, while the deeper one was under reducing conditions and had more siderite, together with 15 

pyrite and magnetite. The redox state of the samples was preserved throughout the present study by 16 

careful conditioning, preparation, and use them under O2-free conditions. The two samples had similar 17 

affinity for Hg, with a retention coefficient (RD) ranging between 102 and 106 mol·kg-1 when the 18 

aqueous Hg concentration ranged between 4.4 and 107 ng·L-1 with the lowest concentration for the 19 

highest RD. However, the mechanisms of interaction differed. In the oxidized sample, no change in Hg 20 

redox state was observed, and the retention was due to reversible adsorption on the mineral phases 21 

(including organic matter). In contrast, upon interaction with the deeper and reduced sample, Hg was 22 

not only adsorbed on the mineral phases, but part of it was also reduced to dissolve elemental Hg. 23 

This reduction was attributed to magnetite and siderite and highlights the influence of mineralogy on 24 

the geochemical cycle of Hg. 25 
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1. Introduction 34 

Hg is a metallic element that is toxic for many life forms, including bacteria, fungi, plants, and 35 

mammals. The toxicity level depends upon several factors, including the dose, chemical speciation, 36 

and duration and mode of exposure (Beckers and Rinklebe, 2017). It is generally agreed in the 37 

literature that the most hazardous Hg form is methyl-mercury ([CH3Hg]+), because it is prone to bio-38 

accumulation and damages cells and organs. For example, methyl-mercury mainly damages the 39 

nervous system of human while the ingestion of Hg(II) salts affects the kidneys. However, other Hg 40 

forms are also toxic, although the mechanisms of toxicity differ. Therefore, understanding the 41 

geochemical cycle of Hg in the environment, including where and how Hg can be mobilized or 42 

accumulated, and under which chemical form, is fundamentally important.  43 

When under its Hg(II) oxidation state, Hg can be adsorbed on several soil components, including the 44 

generally most abundant ones, namely clay minerals such as illite, kaolinite and montmorillonite. 45 

Several studies have also reported the retention of Hg(II) by organic matter and Fe(II)-bearing iron 46 

oxides and manganese oxides (Beckers et al., 2019; Jiskra et al., 2014; Kerndorff and Schnitzer, 47 

1980; Leterme and Jacques, 2015; Skyllberg, 2010). Additionally, it has been shown that sorption of 48 

Hg(II) by these latter phases can involve the reduction of Hg(II) into Hg(0) (Charlet et al., 2002). This 49 

raises the question of whether sorption experiments performed on soil samples can be interpreted in 50 

terms of a simple retention phenomenon, if Hg speciation after the experiment is not determined. From 51 

a more fundamental point of view, reduction of Hg(II) to Hg(0) by soils may have significant 52 

implications for the understanding of the geochemical cycle of Hg. Indeed, because Hg(0) is gaseous 53 

at ambient temperature and pressure and has a residence time in the atmosphere of ~1 y (Tokos et 54 

al., 1998), it can be regarded as a global toxic chemical (Frohne et al., 2012; Kowalik et al., 2003; 55 

Overesch et al., 2007; Rinklebe et al., 2010; Rinklebe et al., 2009).  56 

Due to these strong implications, the release of Hg(0) from soils, and more generally the soil–air 57 

exchange rates of Hg, has been the subject of numerous studies (Lindberg et al., 2002; Schlüter, 58 

2000; Schroeder et al., 1989; Schroeder and Munthe, 1998; Zhang et al., 2003). It is observed that the 59 

release of Hg depend mainly on soil temperature and water content (Gillis and Miller, 2000; Song and 60 

Van Heyst, 2005; Zhang et al., 2003). This could be explained by the fact that increasing the soil water 61 
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saturation can promote the reduction of Hg(II) to Hg(0), and hence the potential volatilisation of Hg 62 

(Gillis and Miller, 2000; Johnson and Lindberg, 1995; Song and Van Heyst, 2005). However, despite 63 

these numerous studies, the role played by the individual soil components (e.g., organic matter or 64 

oxides) on the capacity of soil to reduce Hg(II) is currently poorly constrained. This study aims at 65 

contributing to a better understanding of Hg(II) reduction by soil.  66 

The soil studied here, the Tégulines Clay (hereafter named sediment), had developed on an Albian 67 

sedimentary clay-rich formation that is located in the eastern part of the Paris basin. This geological 68 

formation is currently studied in France as a potential host for the storage of low-level long-lived (LL-69 

LL) radioactive waste, which includes, in addition to radionuclides, toxic chemicals such as Hg 70 

(Lerouge et al., 2018). Such waste is mainly produced by the chemical industry (rare earth element 71 

extraction) and the clean-up of radioactively contaminated sites (former industrial plants, 72 

laboratories…). The behaviour of Hg in the Tégulines Clay was addressed to evaluate the fate of Hg 73 

from waste in the biosphere and its potential environmental impact. Due to its vicinity with the surface 74 

(~ 5 m), the Tégulines Clay is affected by weathering processes inducing fluctuations of redox 75 

conditions with depth (Debure et al., 2018; Lerouge et al., 2018). In addition, redox contrasts can be 76 

enhanced by the ground water table variations (water saturation and desaturation). Redox changes 77 

may affect the speciation of Hg and potentially its mobility through the rock layer, notably at the vicinity 78 

of the surface in the vadose zone. To achieve a better understanding of the mobility of Hg in such an 79 

environment, Tégulines Clay samples originating from two depths with distinct redox environments 80 

were considered to study the retention mechanisms of Hg. We focused especially on the sorption and 81 

reduction of Hg(II) on (or by) mineral surfaces. Therefore, the distribution of naturally occurring Hg 82 

amongst the different mineralogical components, and its retention coefficient (ratio of adsorbed to 83 

aqueous Hg) were determined. Then, the sorption of Hg(II) was studied by performing batch 84 

sorption/desorption tests, with specific attention paid to quantifying the reversibility/irreversibility and 85 

reduction phenomena. Finally, the retention processes of Hg were studied on the Tégulines Clay to 86 

assess the Hg mobility in function of the reducing capacity of the rock and its mineralogy.  87 
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2. Materials and methods 88 

2.1. Context of the study and samples 89 

2.1.1. Geological setting 90 

The marine Gault Clay Formation consists of siliciclastic shales deposited from Middle to Upper Albian 91 

(Lower Cretaceous) on the Greensands formation. It outcrops as an 8–10 km wide and 80-km long 92 

band of terrane oriented NE-SW through the Aube Department, in the eastern part of the Paris Basin 93 

(France) (Amédro et al., 2017; Lerouge et al., 2018). The stratotype of the Gault Clay defined in the 94 

Aube department consists of the Tégulines Clay (82 m) overlaid by the Brienne Marls (43 m). In the 95 

studied area, the thickness of the Tégulines Clay varies from 65-75 m to ~10 m. It is covered by thin 96 

(0.7 to 6 m thick) surficial layers of soil or alluvium. The Tégulines Clay are mainly composed of clay 97 

minerals (35-65 wt% including muscovite and/or illite, chlorite, kaolinite) associated with a quartz-98 

feldspar silty fraction (18–58 wt%), and carbonates (0–30 wt%) (Lerouge et al., 2018). Accessory 99 

minerals include pyrite, celestite, and phosphates nodules in Tégulines Clay horizons experiencing 100 

reducing conditions (Eh < 300 mV, hereafter referred to as “reduced” horizons or samples) and 101 

gypsum, and iron oxides in weathered clay (Eh > 300 mV, hereafter referred to as “oxidized” horizons 102 

or samples). As the formation is subjected to weathering with the occurrence of oxidation phenomena, 103 

the mineralogy of the Tégulines Clay evolves with depth (Lerouge et al., 2018) and therefore 104 

influences the mobility of the traces (Debure et al. (2018) for further details).  105 

Fig. 1. Magnified geological map of the area investigated in the eastern part of the Paris Basin 106 

(France) and location of the boreholes. 107 

2.1.2. Sampling 108 

In order to define the impact of weathering processes on Hg retention, two core samples (~400 to 600 109 

g) were selected at two different depths. The two samples came from boreholes drilled through 110 

surficial formations and the Gault clay down to Greensands. The first one was collected at 7.70 m in 111 

the AUB 121 borehole (sample reference: AUB00976) and the second one at 21.20 m depth in the 112 

borehole AUB131 (sample reference: AUB00307) (Fig. 1). The samples AUB00976 and AUB00307 113 

were considered to be representative of the oxidized and reduced zones, respectively. The drilling 114 
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mud was carefully removed from the core edges and then, the two samples were preserved in double 115 

layer aluminium bags under vacuum to prevent any additional oxidation just after coring. A part of the 116 

samples  (~ 100 g) was freeze-dried to remove water, then milled in an agate mortar, and sieved at 117 

100 µm in a glove box under a nitrogen atmosphere (see Debure et al. (2018) and Lerouge et al. 118 

(2018) for further details). The other part was used for pore water extraction with a squeezing 119 

technique (see section 2.2.3). 120 

2.2. Analytical technics and experiments 121 

2.2.1. Bulk chemistry 122 

Total Fe content was assayed in the sediments through a modified 1,10-phenanthroline method (Hadi 123 

et al., 2013). In this two-steps method, Fe(II) content is quantified first by H2SO4/HF acid attack, and 124 

then measuring total Fe content by reducing all Fe present to Fe(II). Total organic carbon was 125 

quantified using a Jobin Yvon EMIE 820V carbon analyzer after acidic treatment of the sample to 126 

remove carbonates. The whole-rock bulk chemistry is available in Lerouge et al. (2018) and is not 127 

detailed in this study. 128 

2.2.2. Natural contents and distribution of Hg among phases in the Tégulines Clay 129 

Hg distribution among several chemical reservoirs was analysed by the means of sequential 130 

extractions that were performed on triplicates of each sample, in a glove box, following the method 131 

developed by Claret et al. (2010), modified after Tessier et al. (1979). The sequential extraction 132 

involved 4 steps (Table 1), which correspond to contacting the samples first with MgCl2, then sodium 133 

acetate and acetic acid (buffered at pH 5), then NH2OH, and finally H2O2 (at T = 85°C). The main 134 

mineralogical reservoirs that were targeted with these 4 steps were the interlayer space of clay 135 

minerals, calcite, Fe and Mn (oxyhydr-)oxides, and organic matter, respectively. 136 

Table 1. Chemical extraction scheme for Hg fractionation highlighting the sequential extraction 137 

steps and mineralogical targets. 138 
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2.2.3. Pore water extraction by squeezing 139 

Pore water was extracted from the samples using the squeezing technique from Fernández et al. 140 

(2014). A modification of the water sampling circuit was made to the squeezing system for extracting 141 

the pore water in anoxic conditions, preserving its redox state. The squeezing measurements were 142 

carried out only on the reduced sample, which was less exposed to atmospheric perturbations than 143 

the oxidized sample. The pore water was, therefore, not or less disturbed by rock oxidation. The mass 144 

of the core sample was measured before and after squeezing. The initial mass of core sample was 145 

527 g. Extraction was carried out at 10 MPa over nine days and 18.6 mL of pore water were collected. 146 

2.2.4. Natural Hg content and lability, sorption and desorption experiments 147 

The synthetic pore water was prepared with boiled and outgassed Millipore Milli-Q® 18 MΩ·cm water 148 

and using CaSO4:2H2O, MgSO4:7H2O, KCl, NaCl, SrCl2:6H2O, Na2SO4 and NaHCO3 salts 149 

(Supplementary Information A). Their purity was higher than 99 % and no Hg was detected. The 150 

preparation was performed in a glove box with an atmosphere close to field conditions, at equilibrium 151 

with carbonates (~100 kPa of N2, ~1013 Pa of CO2, O2 < 0.1Pa). The synthetic pore water chemistry 152 

was based on the pore water chemistry deduced from the geochemical modelling performed in 153 

Lerouge et al. (2018), following the guidelines proposed by Gaucher et al. (2009). Note that In situ 154 

pore water measured by squeezing (Lerouge et al., 2018) was consistent with the one synthetic one 155 

used here. Synthetic pore water was used in this study for the equilibration and “batch” sorption tests 156 

in order to to avoid any mineral alteration, dissolution, or precipitation. 157 

All the experiments were performed in a glove box under anoxic conditions to avoid any oxidation 158 

phenomenon. Once the pore water had been prepared, the desired volume was equilibrated in a 159 

polypropylene copolymer vial for at least 24 h, under agitation and with a suitable sediment mass. 160 

Afterwards, agitation was stopped, the solution was decanted for 30 min, and then the supernatant 161 

was sampled (~ 20 mL) and filtrated at 0.1 µm (PVDF). 162 

Batch sorption experiments, conducted to determine the Hg distribution coefficients on rock powder, 163 

where mainly performed using a solid to liquid ratio, RSL, of 5 g·L-1. A RSL of 2.5 g·L-1 or 1 g·L-1 was 164 

used for four experiments where the Hg concentration was 8.2 × 10-7 mol·L-1, 9.4 × 10-7 mol·L-1, 4.7 × 165 

10-5 and 5.1 × 10-5 (Supplementary Information B).  166 
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The distribution coefficient (RD) of any element (here, Hg) is the ratio between the concentration of the 167 

element in the solid phase (in mol·kg-1) and in the liquid phase (in mol·L-1), when equilibrium is 168 

assumed to be reached. This is expressed (equation 1) as: 169 

    (1) 170 

Where RD has for units L·kg-1, Csorb is concentration of Hg sorbed on the sediment (in mol·kg−1) and 171 

Cfinal is the element concentration at equilibrium (in mol·L−1). 172 

However, in most experiments, the concentration on the solid (Csorb) is not measured directly, but 173 

inferred from the quantification of the concentration of the element of interest that has been removed 174 

from the solution by the solid. This concentration (in mol·L-1) must be related to the mass of solid in 175 

solution in order to quantify the corresponding concentration on the solid phase (in mol·kg-1), thus 176 

leading to equation 2: 177 

    (2) 178 

where Cadded is the Hg concentration added in the retention experiments (in mol·L−1) and RSL is the 179 

solid/liquid ratio in the experiment (in kg·L−1). 180 

Mother solutions containing Hg were prepared with analytical grade salts (using HgCl2). Then, an 181 

aliquot (from 1 to 10 mL depending of the experiments) was introduced into a vial containing the 182 

sediment suspension in order to reach the initial target concentration. The solution and the sediments 183 

were kept in contact for four days during the sorption tests and seven days during the desorption tests. 184 

The solution sampling method was the same as that described for the equilibration tests.  185 

 186 

2.2.5. Analysis of the aqueous phases 187 

The measurement of pH in batch solutions was carried out with a Mettler Toledo SevenMulti pH meter 188 

using NIST pH 1.7, 4, 7, and 9 buffers. Inductively coupled plasma atomic emission spectroscopy 189 

(ICP-AES, Jobin Yvon) or mass spectroscopy (ICP-MS, Thermo Fisher Scientific) was used to 190 

measure Ca, K, Mg, Na, and Si concentrations. Cl, SO4, S2O4, Br, PO4 and F were analysed by ionic 191 

chromatography (HPLC, Dionex). The elemental concentrations in solution were determined with a 192 
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relative uncertainty of 3 %. The samples were not acidified in order to avoid any Hg loss. After Hg 193 

measurement, the remaining solution was acidified with HNO3 (10 µL at 10 %) prior to the solution 194 

analyse with ICP. Total Hg was at first measured by atomic fluorescence spectrometry, and then the 195 

speciation [Hg(II)/Hg(0)] was determined on selected samples by another technique described below. 196 

2.2.6. Mercury speciation 197 

All analytical procedures were conducted using ultra-clean sample handling to avoid laboratory 198 

contamination of low-level sample extracts and cross-contamination of high-level samples (Cossa and 199 

Gobeil, 2000). The aqueous sample was analysed for total Hg and Hg(0) by Au-amalgamation (EPA 200 

method 1631) and hydride generation-cryogenic trapping followed by cold vapour atomic fluorescence 201 

spectrometry (CVAFS) using a PSA mercury analyser (Millennium Merlin model) and a Tekran® 202 

mercury detector (2500 model), respectively, after conversion of all mercury species into Hg(0) (Bloom 203 

and Fitzgerald, 1988). The method is detailed in Hellal et al. (2015) and Cossa and Gobeil (2000) and 204 

is summarized in Supplementary Information C. 205 

3. Results and discussion 206 

3.1. Mineralogy of Tégulines Clay samples and Hg distribution among the different phases 207 

The mineralogy of the Tégulines Clay samples studied here consisted mainly of clay minerals, quartz, 208 

feldspar, and calcite, together with minor dolomite/ankerite, siderite, pyrite and organic matter in the 209 

reduced sample and additional gypsum and iron (oxyhydr-)oxides in the oxidized sample (see 210 

Supplementary Information D and Debure et al. (2018)). The oxidized zones are characterized by the 211 

disappearance of pyrite and the presence of oxidation by-products such as goethite and gypsum while 212 

the reduced zones are characterized of the persistence of the minerals prone to oxidation such as 213 

pyrite and preserved glauconite. Since Hg has a strong affinity for organic matter and iron oxides 214 

(Harris-Hellal et al., 2011), its nature was specifically studied. In addition, the redox state of Fe was 215 

quantified. 216 

During the H2O2 extraction step that targeted organic matter, sulfur was extracted. This could be 217 

interpreted as sulfur bound to the organic matter, or could be due to the fact that this chemical 218 

extraction also (partially) dissolved another component of the sample. In the first assumption, the 219 
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organic matter of the reduced sample (AUB00307) contained (1800 ± 133) μg·g-1 of sulfur, while its 220 

sulfur content remained below the limit of quantification (of 1669 μg·g-1) for the oxidized sample 221 

(AUB00976). However, and although it could not be ruled out that this sulfur originated for example 222 

from organic matter thiols, it must be noted that the reduced sample contained pyrite whose limited 223 

oxidation during the H2O2 extraction step could have been responsible for the presence of sulfur in 224 

solution. The hypothesis of pyrite oxidation is supported by the fact that Fe was also extracted during 225 

this step (see below). Thus, no clear conclusion can be drawn about potential differences between the 226 

organic matter from both samples, and the reactivity of the organic matter component toward Hg was 227 

expected to be roughly similar for both samples. Indeed, the reduced sample contained a slightly 228 

higher content of organic matter (0.73 wt% vs 0.58 wt%), but the difference was too slight and within 229 

the range of the measurements on other boreholes (Lerouge et al., 2018) to induce a measurable 230 

difference in reactivity between the two samples.  231 

The total Fe concentration of the reduced sample (3.81 %) was slightly higher than that of the oxidized 232 

sample (2.46 %). The bulk Fe(II)/Fe(III) ratio was 82 % for the reduced sample, and 17 % for the 233 

oxidized sample, supporting the destabilization of Fe(II)-bearing minerals and formation of iron 234 

hydroxides at shallow depth. The sequential extraction showed that in both samples (Fig. 2 and 235 

Supplementary Information E) the residual fraction was the main Fe reservoir: it contained 74 % of 236 

total iron in the reduced sample and 95 % in the oxidized sample. The Fe-bearing minerals present in 237 

the residual fraction (Table D-1) were pyrite (FeS2, that contain ~46 % Fe) and the clay minerals 238 

(illite/mica and illite-smectite mixed-layer minerals: 2 to 5 % Fe, chlorite: up to ~16 % Fe). No 239 

exchangeable Fe could be detected. The fraction associated with carbonates represented 0.6 % of 240 

total Fe in the reduced sample and 0.3 % in the oxidized sample. The two extraction steps targeting 241 

Fe and Mn (oxyhydr-)oxides and the organic matter led to higher Fe recovery in the reduced sample 242 

than in the oxidized one. In the reduced sample, the first step made it possible to extract (6.8 ± 0.5) % 243 

of the total Fe and the second step (18.3 ± 1.3) % of the total Fe, compared to respectively (0.7 ± 0.1) 244 

% of the total Fe in the first and (4.5 ± 0.2) % of the total Fe in the second for the oxidized sample. 245 

These results could be interpreted as (1) the reduced sample containing more Fe(II)-bearing Fe 246 

(oxyhydr-)oxides than the oxidized one or (2) the organic matter in the reduced sample containing 247 

more Fe than that of the oxidized sample. However, as for sulfur, Fe extracted during the H2O2 248 

extraction step could be attributed to limited pyrite oxidation. In order to account for this possible pyrite 249 
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oxidation, the total Fe extracted during the H2O2 step was thus corrected from hypothetical pyrite 250 

oxidation by subtracting a Fe content equal to half that of the sulfur extracted in the same step (as the 251 

structural formula of pyrite is FeS2). Still, the quantity of Fe contained in the organic matter and iron 252 

(oxyhydr-)oxides components were higher in the reduced sample (Fig. 2). 253 

Fig. 2. Total Fe (%) extracted by the different steps of the sequential extraction protocol, 254 

corrected from hypothetical partial pyrite oxidation during Step 4. Uncorrected data are 255 

available in Supplementary Information E (Sample oxidized: AUB976; sample reduced: 256 

AUB307). 257 

An attempt was made to quantify the natural Hg distribution from sequential extraction leachates. 258 

However, given the low natural Hg concentration in the samples, Hg concentration remained below the 259 

detection limit (25 ng·g-1) at all extraction steps and for all samples, except for the H2O2 step of the 260 

reduced samples, where (3.9 ± 1.9) ng·g-1 Hg was extracted. It is nevertheless noteworthy that the 261 

amount extracted remained close to the detection limit, and no clear conclusion regarding the natural 262 

Hg distribution could be drawn from these sequential extractions. The total Hg content measured on 263 

the bulk sample was (20 ± 6) ng·g-1 for the reduced sample and (19 ± 6) ng·g-1 for the oxidized 264 

sample. 265 

3.2. Chemical composition of pore water extracted by squeezing and natural distribution 266 

coefficient of Hg in the Tégulines Clay 267 

Pore water was extracted from the reduced sample by the squeezing technique at 10 MPa, following 268 

Debure et al. (2018); see Table 2. The pH of the extracted pore water was 7.7. The S2O32- 269 

concentration (0.20 mmol·L-1) was consistent with the reduced state of the sample (redox potential < 270 

198 mV) but highlighted in the meantime a slight sulfide oxidation (Boulegue and Michard, 1979; Kurth 271 

et al., 2015; Vairavamurthy et al., 1993). Both Fe and Al were systematically below the detection limit 272 

(0.01 mmol·L-1). Hg concentration was 0.015 µmol·L-1, similar to that of As (0.010 µmol·L-1) and Cr 273 

(0.029 µmol·L-1).  274 

Table 2. Pore water chemistry measured after squeezing of the reduced sample (cations and 275 

anions in mmol·L-1 and trace elements in µmol·L-1). 276 
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Since Hg could be measured both in the pore water and in the solid phase of the reduced sample, the 277 

natural distribution coefficient (RD,Nat), which quantifies the solid-solution partitioning, could be 278 

calculated as follows:  279 

     (3) 280 

where CPore water is the Hg pore water concentration (in mol·L-1, Table 2), and Csediment,Nat is the 281 

concentration of Hg in the sediments (in mol·kg-1) determined by sequential extractions (section 3.1). 282 

The RD,Nat of Hg was found to be (6.5 ± 1) × 103 L·kg-1 for the reduced samples, and (6.1 ± 1) × 103 283 

L·kg-1 for the oxidized samples, which is consistent with the RD,Nat reported for several types of soils, 284 

sediments, and suspended matter of lakes and rivers (Fig. 3 – data from Bloom et al., (1999), Drexel 285 

et al., (2002) and Hurley et al., (1998) (see also Bone et al., (2007) and Hammerschmidt and 286 

Fitzgerald, (2004)).  287 

3.3. Sorption experiments on Tégulines Clay 288 

The RD obtained in batch experiments ranged from ~1.2 × 103 to ~1 × 106 L·kg-1 for the reduced 289 

sample and from ~1 × 102 to ~9 × 105 L·kg-1 for the oxidized sample, for equilibrium Hg concentrations 290 

that ranged from 4.4 to 1 × 107 ng·L-1. The RD increased when equilibrium Hg concentration 291 

decreased, in agreement with the river, soil and sediment literature data (Fig. 3). The fact that batch 292 

RD values were in agreement with RD,Nat means that the study of the retention phenomenon in these 293 

batch experiments could provide insights into the mechanisms occurring in the natural setting and over 294 

long time scales. Note that the Hg RD is generally higher for the reduced sample (Fig. 3) although strict 295 

point-by-point comparison could not be performed since Hg equilibrium concentrations differed in the 296 

two different datasets (oxidized or reduced samples).  297 

According to literature data, Hg has a particular affinity for iron oxides and organic matter, in particular 298 

for the thiols (Beckers et al., 2019; Jiskra et al., 2014; Kerndorff and Schnitzer, 1980; Leterme and 299 

Jacques, 2015; Skyllberg, 2010). As goethite is present as trace concentration in the Tégulines Clay 300 

(Lerouge et al., 2018), geochemical calculations (Allison et al., 1991; Parkhurst and Appelo, 2013) 301 

were performed to determine whether this mineral could quantitatively account for the observed RD 302 

(Fig. 4). If the sample had consisted of pure goethite, modelling indicates that the RD could not have 303 
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exceeded 104 L·kg-1 if the solution had contained only NaCl and 5·10-9 mol·L-1 of Hg (Fig. 4.a and 304 

Supplementary Information F). This RD value is in the range of the observed RD values but does not 305 

consider the actual pore water chemistry. Introducing it in the modelling reduced the predicted RD to 306 

1.6 × 102 L·kg-1 (Fig. 4.b) because Ca competed with Hg for sorption. This value is two orders of 307 

magnitude lower than the observed RD value and does not consider the fact that goethite was not a 308 

major mineral, but a trace component. Thus, goethite could not account for the observed RD, and 309 

another sorbing phase and (or) retention mechanism had to be considered. Since they are a major 310 

component of the samples, clays certainly contribute to the Hg RD, but they are ruled out as the main 311 

Hg sorbing phase because their retention capacity is lower than that of Fe (oxyhydr-)oxides, even 312 

when sorption occurs at pH 3 where clay sorption capacity is enhanced whereas that of Fe (oxyhydr-313 

)oxides is strongly reduced (Barrow and Cox, 1992; Cruz-Guzman et al., 2003; Farrah and Pickering, 314 

1978). Finally, and as discussed above, the organic matter could also be responsible for the observed 315 

RD. However, a difference in RD was observed between the two samples, while the organic matter 316 

content was similar (section 3.1). Consequently, and although organic matter certainly contributed 317 

significantly to Hg retention, another phenomenon responsible for the difference in RD between the 318 

reduced and oxidized samples had to be considered. To determine whether this additional process 319 

was irreversible (e.g., incorporation in a mineral phase or Hg reduction), the reversibility of sorption 320 

was tested on the samples with the highest Hg concentration (4.70 × 10-5 mol·L-1). The reduced 321 

sample released in solution around 1 % of the total Hg initially sorbed, while 30 % was released by the 322 

oxidized sample (Table 3). This evidenced the presence of an irreversible process whose extent 323 

depended on the sample. To further investigate the nature of this process, the speciation of the 324 

aqueous Hg remaining in solution after the sorption experiments was investigated. 325 

Between 60 and 93 % of Hg was present as Hg(0) in the solution in contact with the reduced sample 326 

and was thus suspected to be reduced upon interaction with the solid phase, while only 1 % of Hg was 327 

reduced upon contact with the oxidized sample (Fig. 5). In addition, the lower the initial concentration, 328 

the higher the proportion of Hg(0) in the final solution. Indeed, almost half the remaining Hg was Hg(II) 329 

in the experiments with the highest initial Hg concentration (5.1 × 10-5 mol·L-1), while it represented 330 

only 7 % in the experiment with the lowest initial concentration (8.2 ᵡ 10-8 mol·L-1). This results 331 

suggests that the element or the phase at the origin of this reduction was depleted and therefore, we 332 

could assume that the reducing capacity of the sediment is lower than 5.1 × 10-6 mol·g-1. Both organic 333 
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matter (e.g. Allard and Arsenie, 1991; Ravichandran, 2004) and Fe(II)-bearing Fe (oxyhydr-)oxides 334 

such as magnetite or green rust (O’Loughlin et al., 2003; Wiatrowski et al., 2009) are able to reduce 335 

Hg(II) to Hg(0) and could be responsible for the Hg reduction observed in our experiments involving 336 

the reduced sample. The organic matter content in the two samples is similar and, therefore, only a 337 

difference in terms of its nature would have explained the higher Hg(II) reduction on the reduced 338 

sample. Such a difference was not observed in this study (section 3.1). In addition, Hg(II) reduction by 339 

organic matter is a photochemical reaction that requires UV radiation (Costa and Liss, 2000; Costa 340 

and Liss, 1999; Faïn et al., 2007) - although humic acids can induce Hg reduction in the dark (Gu et 341 

al., 2011). As the present experiments were conducted in a glove box with no direct solar irradiation 342 

and thus probably in the absence of UV radiation, the occurrence of photochemical reactions is 343 

unlikely in the present study. 344 

Therefore, we propose that Fe(II)-bearing minerals led to the Hg(II) reduction. The amount of Fe(II) 345 

available in the solid-phase was consistent with this assumption (section 3.1). The carriers of Fe(II) are 346 

glauconite (~8 wt%), pyrite (~0.4 wt%), siderite (~0.3 wt%) and magnetite (traces, only detected by 347 

low-temperature magnetic remanence methods) in the clay formation (Debure et al., 2018; Lerouge et 348 

al., 2018). Siderite can reduce Hg (Ha et al., 2017). However, with a size of the siderite in the 349 

Tégulines Clay of ~40 µm (Lerouge et al. (2018)), it has a surface area of ~0.07 m2·g-1. Ha et al. 350 

(2017) reported that 70 % of 5.8 × 10-8 mol of Hg was reduced by 0.1 g of siderite with a surface area 351 

of 126.1 m2·g-1. This surface area and this content are both three orders of magnitude higher than the 352 

surface area and the siderite content in the Tégulines Clay. Furthermore, even if siderite had been 353 

able to reduce a large part of the lowest used concentration (2.7 × 10-9 mol), it seems unlikely that it 354 

would have reduced 60 % (Fig. 5) of the highest concentration of Hg added (2.0 × 10-6 mol). We 355 

conclude from this analysis that siderite alone cannot quantitatively explain the observed Hg reduction. 356 

Magnetite was detected in the reduced sample but not in the oxidized sample and can reduce Hg(II) 357 

(Wiatrowski et al., 2009), presumably according to the following equation: 358 

     (4) 359 

As magnetite was only present in the reduced sample at trace concentration (< 0.1 %), one can 360 

wonder if trace amounts were sufficient quantitatively to account for the observed Hg(II) reduction. In 361 

the case of total reduction, a suspension having an RSL of 0.010 kg·L-1 would have required 2.04 × 10-5 362 
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moles·g-1 of Fe(II) to reduce 5.1 × 10-5 mol·L-1 of Hg(II) into Hg(0). The total Fe concentration in the 363 

reduced sample was 3.81 % (of which 82 % is Fe(II)) (section 3.1), that is 6.82 × 10-4 mol·g-1 and thus 364 

5.60 × 10-4 mol·g-1 of Fe(II). Consequently, ~7.3 % of the Fe(II) (6.0 % of the total Fe) would have 365 

been sufficient to quantitatively account for the reduction of Hg(II) to Hg(0) observed in the present 366 

experiments, i.e. 4.3 × 10-6 mol of iron and therefore 1.4 × 10-6 mol of magnetite (Fe3O4). Such an 367 

amount is in agreement with the fact that the sum of pyrite and magnetite contents represent ~10 % of 368 

the total Fe, with pyrite being the most abundant of the two minerals (Lerouge et al., 2018). Finally, it is 369 

worth noting that a mercury reduction on glauconite cannot be ruled out. Indeed, no dedicated 370 

experiments investigating the sorption and reduction of Hg on these clay minerals are available in the 371 

literature to our knowledge. Therefore, the accessible Fe(II) in glauconite is not known and its 372 

influence on the reduction of Hg cannot be assess without dedicated experiments that are beyond the 373 

scope of this study.  374 

In the oxidized sample, the Fe(II) is lower. In addition, the presence of Fe(III) iron hydroxides such as 375 

goethite or ferrihydrite prevent the Hg(II) reduction and promote adsorption as the preferred pathway 376 

to Hg removal from the solution (Gabriel and Williamson, 2004; Vernon and Bonzongo, 2014). In 377 

addition, the vadose zone is subject to water saturation/desaturation cycles that favour oxygen 378 

diffusion and limit reduction processes. Indeed, oxidative weathering impedes electron transfer. 379 

Therefore, magnetite cannot be argued to explain the retention in the oxidized experiments and 380 

sorption on iron oxides proved insufficient to explain RD. Among the other solids available, organic 381 

matter is able to complex with Hg(II) and inhibits its reduction by reduced minerals (Jiskra et al., 2014). 382 

Such a process is consistent with the RD coefficient of Hg calculated especially for the oxidized sample 383 

(Fig. 3 and Supplementary Information B). Indeed, no or little Hg(0) (< 1.5 %) was detected in the 384 

solution contacting the oxidized sample, thus discarding volatilisation as the main process explaining 385 

the high retention coefficient.  386 

Fig. 3. Comparison of the RD,Nat and RD acquired on the oxidized and reduced sample with 387 

values reported for several types of soils, sediments, and suspended matter of lakes and rivers 388 

(Aastrup et al., 1991; Åkerblom et al., 2008; Berzas et al., 2003; Hines et al., 2000; Lyon et al., 389 

1997; Paraquetti et al., 2004; Suchanek et al., 1998; Sultan et al., 2011; Thompson-Roberts et 390 

al., 1999). The crosses and pluses represent the RD calculated with the quantification limit of 391 
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Hg (7 ₓ 10-11 mol·L-1), therefore representing the lowest threshold of the RD value. The stars and 392 

minuses represent the desorption data. 393 

 394 

Fig. 4. Theoretical Hg retention coefficient on ferrihydrite considering that the whole sediment 395 

is ferrihydrite (Hfo-1g), 10 % is ferrihydrite (Hfo-100mg), 1 % is ferrihydrite (Hfo-10mg) and 0.1 396 

% is ferrihydrite (Hfo-1mg). The quantity of Hg added is 5 × 10-5 mol·L-1. This concentration is 397 

the maximum concentration added in the experiments. a) The chemistry of the water is only 398 

composed of Na and Cl (1.47 mmol·L-1), b) the pore water chemistry is considered. The 399 

calculations were performed with the PhreeqC code (Parkhurst and Appelo, 2013) and the 400 

Minteq database version 4 (Allison et al., 1991). The quantity of weak binding sites is 2.4 × 10-3 401 

moles, the quantity of strong binding sites is 6 × 10-5 moles, the specific surface area is 600 402 

m2·g-1, the weight of the sample varies from 1 mg to 1 g in agreement with theoretical values 403 

given for ferrihydrite by Parkhurst and Appelo (2013) and the pH is fixed at 7.5, which is the 404 

value of the pore water.  405 

 406 

Table 3. Sorption and desorption coefficients calculated at the initial Hg concentration of 4.70 × 407 

10-5 mol·L-1 on the oxidized and reduced samples. 408 

 409 

Fig. 5. Determination of the speciation of Hg after the retention experiment on the oxidized 410 

sample (AUB00976) and on the reduced sample (AUB00307). a. The initial Hg concentration 411 

was 8 × 10-8 mol·L-1; b. the initial Hg concentration was 5.1 × 10-5 mol·L-1. The lower the initial 412 

concentration, the higher the reduction percentage. 413 

3.4. Implications for Hg retention by clay rocks 414 

Both oxidized and reduced Tégulines Clay have a strong affinity for Hg but only reduced Tégulines 415 

Clay can reduce Hg(II) into Hg(0). This reduction, which could possibly occur in many clay rocks 416 

containing Fe(II)-bearing Fe (oxyhydr-)oxides and minerals, could have here induced an 417 

overestimation of the quantity of Hg(II) that can be adsorbed by the solid phase, since part of the 418 
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Hg(0) could have been lost by volatilisation prior to measurement. However, this effect was probably 419 

of limited importance for most samples, since the sum of Hg(0) and Hg(II) concentrations measured 420 

during the speciation experiments was in good agreement with the total Hg concentration used for the 421 

RD calculation (Supplementary Information B, Table B-3 and B-4). The only sample for which 422 

discrepancy was observed is related to the experiment that involved the reduced sample and the 423 

highest initial Hg concentration (5.1 × 10-5 mol·L-1). In these experimental conditions, the total Hg 424 

concentration measured in the experiment that aimed at determining the Hg RD was about one order 425 

of magnitude lower than the sum of Hg(0) and Hg(II) measured in the experiment that aimed at 426 

determining Hg speciation in solution. The total Hg concentration was measured a short time after the 427 

end of the experiment that may have led to Hg outgassing. Indeed, this value is consistent with the 428 

Hg(II) concentration measured in this experiment. This result highlights the need to perform the 429 

analytical measurements as quickly as possible in such a reducing soil system. 430 

Among the parameters that could influence the fate of Hg, thiosulfate in the pore water (Table 2) may 431 

also reduce Hg(II) to Hg(0), or more likely influence its fate through its complexation with Hg (Hellal et 432 

al., 2015; Johannesson and Neumann, 2013). Either way, it could thus result in the formation of a 433 

strong complex like those observed for sulfides (Moreno et al., 2004; Wang et al., 2012), increasing 434 

the stability of Hg in solution and therefore its transport. However, here, the thiosulfate concentration 435 

was low and this mechanism was certainly of minor importance. In addition, the Gault pore water is 436 

outside the predominance area of the complexes composed of Hg and S (Supplementary Information 437 

G). Hg was also found to sorb on quartz (Bonnissel-Gissinger et al., 1999; Tiffreau et al., 1995) and 438 

clays (Cruz-Guzman et al., 2003), which are a major constituent of the Tégulines Clay, especially at 439 

shallow depths (see Supplementary Information D and (Debure et al., 2018; Lerouge et al., 2018)). No 440 

correlation was found in this study between the quartz content and Hg retention. This was most likely 441 

due to the lower affinity of Hg for quartz than for iron hydroxides and organic matter. Among the 442 

available clays, illite, kaolinite and smectite have a lower affinity for Hg than iron hydroxides (Cruz-443 

Guzman et al., 2003; Gabriel and Williamson, 2004; Jiskra et al., 2014) but the behaviour (sorption 444 

and reduction) of Hg in contact with glauconite is poorly known. 445 

Finally, the fate of Hg in the Tégulines Clay depends on organic compounds, soil redox conditions, 446 

and the redox state of iron in minerals. In Fe-reducing sediments such as preserved Tégulines Clay, 447 

the reduction of Hg(II) by solid-phase Fe(II) may occur in anoxic groundwater while in oxic surficial 448 



19 
 

sediments reduced minerals are less common, with the exception of magnetite (Wiatrowski et al., 449 

2009), and thus Hg(II) reduction is limited. However, green rusts that form in anthropogenic soils can 450 

transform into magnetite upon reduction due to the variation of the water table (Sumoondur et al., 451 

2008; Trolard and Bourrie, 2008) and finally affect the speciation of Hg and therefore its mobility. In 452 

reduced and saturated sediments, the Hg(II) reduction promotes Hg mobilization as Hg(0) but 453 

prevents the formation of methyl Hg (MeHg) that normally forms from a Hg(II) precursor (Colombo et 454 

al., 2013; Fitzgerald et al., 1991). The former is usually found in groundwater with high levels of Fe(II) 455 

(Barringer et al., 2005). Therefore, Fe cycling impacts the mobility and fate of Hg especially in the 456 

vadose zone where the water table varies (interface between oxidative and reductive conditions) 457 

(Johannesson and Neumann, 2013).  458 

4. Conclusions 459 

The behaviour of Hg, its sorption, reduction and volatilisation have been investigated on the Tégulines 460 

Clay, a clay-rich rock formation that outcrops in the eastern part of the Paris Basin. The retention of Hg 461 

was affected by the clay mineralogy, and in particular the reducing capacity of the samples. In such a 462 

system, Hg can be volatilised due to reduction phenomena initiated by sorption of Hg(II). The 463 

reduction was more effective in the reduced sample than in the oxidized sample due to the highest 464 

content of Fe(II)-bearing phases. Fe(II) acts as an electron donor in the reaction, leading to the 465 

reduction of Hg(II) into Hg(0). The main phase expected to be responsible for Hg(II) sorption-reduction 466 

is magnetite. Hg(0) can then be volatilised (when a gas phase exists) leading to a decrease in the Hg 467 

concentration in the system. Volatilisation phenomena could explain the low natural Hg content 468 

measured during the sequential extraction. On the other hand, the presence of an Fe(III)-bearing 469 

phase, such as iron hydroxides in the oxidized sample, is associated with a high retention capacity of 470 

Hg(II) in the rock. In addition, organic matter can contribute to the retention of Hg with a higher 471 

quantity of sulfur groups (thiol) in the organic matter of the reduced samples. Finally, the sorption 472 

capacity of the clay minerals (even lower than Fe (oxyhydr-)oxides) increases Hg retention both in the 473 

reduced and oxidized samples. Due to weathering processes (mainly driven by the percolation of 474 

dissolved oxygen from the surface) the redox of Tégulines Clay evolves leading then to different 475 

phenomena governing the retention of Hg. The presence of reduced phases preserved from 476 

weathering promotes the reduction of Hg(II) into Hg(0). In addition, the formation of green rusts in 477 
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anthropogenic soils and its possible transformation in magnetite upon reduction will influence the fate 478 

of Hg. Indeed, groundwater and sub-surface water variations generate redox oscillations favourable to 479 

(a)biotic reduction processes. Therefore, the soil is a complex environment, both because of the 480 

diversity of the mineral phases that compose it, and because of the exacerbated redox fluctuations at 481 

the interface between unsaturated and saturated zones. These oscillations promote (a)biotic reduction 482 

processes that impact the distribution and retention of Hg. The present study assess and quantify the 483 

impact of the sediment mineralogy on the mobilisation of Hg. However, the mobility of Hg(0) depends 484 

then on the water saturation of the rock with an expected lower migration under saturated conditions. 485 

Therefore, it is imperative to understand how these alternations influence the geochemistry of Hg(II) 486 

via sorption/desorption on formed/dissolved phases. In addition, competition between sorption and 487 

volatilisation may occur on some phases (glauconite) with both sites that can sorb mercury and Fe(II) 488 

that can reduce it. The understanding of all these processes will finally help to determine and assess 489 

the Hg cycling in environment. 490 
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Fig. 1. Magnified geological map of the area investigated in the eastern part of the Paris Basin 

(France) and location of the boreholes. 

 



 

 

Fig. 2. Total Fe (%) extracted by the different steps of the sequential extraction protocol, 

corrected from hypothetical partial pyrite oxidation during Step 4. Uncorrected data are 

available in Supplementary Information E (Sample oxidized: AUB976; sample reduced: 

AUB307). 



 

 

Fig. 3. Comparison of the RD,Nat and RD acquired on the oxidized and reduced sample with 

values reported for several types of soils, sediments, and suspended matter of lakes and rivers 

(Aastrup et al., 1991; Åkerblom et al., 2008; Berzas et al., 2003; Hines et al., 2000; Lyon et al., 

1997; Paraquetti et al., 2004; Suchanek et al., 1998; Sultan et al., 2011; Thompson-Roberts et 

al., 1999). The crosses and pluses represent the RD calculated with the quantification limit of 

Hg (7 ₓ 10-11 mol·L-1), therefore representing the lowest threshold of the RD value. The stars and 

minuses represent the desorption data. 



 

 

Fig. 4. Theoretical Hg retention coefficient on ferrihydrite considering that the whole sediment is 

ferrihydrite (Hfo-1g), 10 % is ferrihydrite (Hfo-100mg), 1 % is ferrihydrite (Hfo-10mg) and 0.1 % is 

ferrihydrite (Hfo-1mg). The quantity of Hg added is 5 × 10-5 mol·L-1. This concentration is the maximum 

concentration added in the experiments. a) The chemistry of the water is only composed of Na and Cl 

(1.47 mmol·L-1), b) the pore water chemistry is considered. The calculations were performed with the 

PhreeqC code (Parkhurst and Appelo, 2013) and the Minteq database version 4 (Allison et al., 1991). The 

quantity of weak binding sites is 2.4 × 10-3 moles, the quantity of strong binding sites is 6 × 10-5 moles, the 

specific surface area is 600 m2·g-1, the weight of the sample varies from 1 mg to 1 g in agreement with 

theoretical values given for ferrihydrite by Parkhurst and Appelo (2013) and the pH is fixed at 7.5, which is 

the value of the pore water.  



 

 

Fig. 5. Determination of the speciation of Hg after the retention experiment on the oxidized sample 

(AUB00976) and on the reduced sample (AUB00307). a. The initial Hg concentration was 8 × 10-8 mol·L-1; 

b. the initial Hg concentration was 5.1 × 10-5 mol·L-1. The lower the initial concentration, the higher the 

reduction percentage. 

 



Table 1. Chemical extraction scheme for Hg fractionation highlighting the sequential extraction 

steps and mineralogical targets. 

Step Extractant Mineralogical target 

1 MgCl2 1 M Interlaminar exchange in clay minerals 

2 Sodium acetate / Acetic acid (pH 5) Calcite and clay edge sites 

3 NH2OH Iron and manganese (oxyhydr-)oxides 

4 H2O2 30 % + ammonium acetate (pH 2 at 85°C) Organic matter 

 

Table 2. Pore water chemistry measured after squeezing of the reduced sample (cations and 

anions in mmol·L-1 and trace elements in µmol·L-1). 

Anions Cl- SO42- S2O32- Br- NO3- PO43- F- 

 

 

1.47 26.02 0.20 0.002 < 0.016 0.018 0.034 

 

Cations Si Na K Mg Ca Ba Sr Fe 

 0.2 2.78 1.38 16.87 16.57 < 0.002 0.42 < 0.005 

Trace elements As B Cd Cr Cu Hg Mn Zn 

 

0.010 148 0.003 0.029 58 0.015 29 31 

 

Table 3. Sorption and desorption coefficients calculated at the initial Hg concentration of 4.70 × 

10-5 mol·L-1 on the oxidized and reduced samples. 

Sample 
Hgadded 

(mol·L-1) 

[Hg]final-sorp  

(mol·L-1) 

RSL  

(kg·L-1) 

Rd  

(L·kg-1) 

[Hg]sorp-solid  

(mol·L-1) 

[Hg]final-desorp  

(mol·L-1) 

Rddesorption 

(L·kg-1) 

Reduced 

(AUB00307) 
4.70 × 10-5 1.10 × 10-5 2.65 × 10-3 1.24 × 103 3.60 × 10-5 5.58 × 10-7 2.40 × 104 

Oxidized 

(AUB00976) 
4.70 × 10-5 3.74 × 10-5 2.58 × 10-3 9.98 × 101 9.61 × 10-6 3.41 × 10-6 7.06 × 102 

 




